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Abstract 
 
Invasive alien species have long been recognized as a major global threat to biodiversity and 
ecosystems. A key question related to biological invasions is whether some species or 
populations within species are more invasive than others and if so, what are the biological 
and ecological factors responsible for such differences. In this project, I focus on a highly 
invasive mammalian species, the American eastern grey squirrel, introduced to Europe 
multiple times, a competitor to the native red squirrel and a forest pest. I investigate whether 
factors such as genetic variation, inbreeding, genetic drift, and founder effects can interfere 
with the grey squirrel dispersal processes. I used 12 highly polymorphic microsatellites as a 
tool to address my questions and examined 60 populations from England, Scotland, Wales, 
Ireland, Italy and the USA, with a total of 1434 individuals.  The results indicate that there is 
a trend whereby larger founder sizes had greater genetic diversity, less local genetic 
differentiation, and faster rate of range expansion. Genetic diversity is positively correlated to 
rates of spread. The results also provide evidence that human-mediated translocations have 
played a major role in the spread of this species across the UK, and that there remains 
localized genetic structure reflecting the historical genetic differentiation of original 
propagules and subsequent genetic drift. Given the existing genetic structure across Europe, I 
explored the potential application of DNA forensics to identify the sources of new 
translocations, examining how the approach might be adapted from conservation 
applications. These findings have important implications for the managing of grey squirrels 
and other invasive species: good practice should focus on preventing future translocations 
and the subsequent merging of currently genetically distinct populations. 
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When in my youth I traveled 
Throughout each north country, 
Many a strange thing did I hear, 
And many a strange thing to see. 
 
But nothing was there pleased me more 
Than when, in autumn brown, 
I came, in the depths of the pathless woods, 
To the grey squirrels' town. 
 
William Howitt 
The Migration of the Grey Squirrels, 1834 
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1. Research background 
 
1.1 Biological invasions 
1.1.1 Introduction 
One of the foremost characteristics of living beings is their ability to adapt to new 
environments and to spread over a range as large as possible. This is in fact one of the main 
forces driving evolution and, eventually, speciation. It is therefore not surprising that an ever 
increasing number of species have been able to exploit the increased global ability of human 
beings to travel and to transport goods to enlarge their range across continents (Perrings et 
al., 2010; Hulme, 2009). Since life first appeared on earth, living beings have often been able 
to overcome the barriers that limited their range and expand into new habitats. The 
consequent adaptation usually led to an increase in biodiversity, but also sometimes to 
ecological changes that brought about some native species’ extinctions. The overall balance, 
however, was usually a positive one (Huggett, 2004). Never before the last three centuries, 
however, have species been able to move and spread at the present rate and to invade en 
masse even the most remote areas of the globe (Clavero & Garcıa-Berthou, 2005; Genovesi 
et al., 2009). 
The consequence of these simultaneous invasions is a shift in the equilibrium in the 
ecology of pristine environments, global loss of biodiversity, threatening the stability of many 
ecosystems and, often substantial economic loss (Pimentel et al., 2000; Clavero & Garcıa-
Berthou, 2005; Gaertner et al., 2009; Hejda et al., 2009; Simberloff et al., 2012). Studying 
invasion biology at all levels -from global to species level- is therefore a compelling necessity 
that can help limit or prevent damage. 
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Charles Elton’s book ‘The ecology of invasions by animals and plants’ (1958) has 
been the milestone for a new science, Invasion biology, and the publishing of this book has 
marked the beginning of a new way of approaching many aspects of ecology and evolution. 
Since then, articles and books on this subject have been published at a furious pace and much 
progress on the understanding of the invasion phenomenon has since been made. Much still 
needs to be understood and examined, however, and many aspects are still uncertain or 
poorly acknowledged. A review on this subject is therefore bound to incompleteness. Its aim, 
however, is to provide the reader with a general overview of the present knowledge on 
biological invasions and to highlight the focal points of the problem.  
The second part of this review will focus more specifically on the invasiveness of a 
single species, the American Grey squirrel, to try to shed a light on the factors that make this 
one of the most invasive species across the world (Lowe et al., 2000) and to clarify the 
ecological relevance of this rodent in Europe: the aim is to detail why the grey squirrel was 
selected as a species model to understand more general aspects of bioinvasions.  
1.1.2 Some definitions. 
The words “non-native”, “introduced”, “alien”, or “exotic” attributed to a species are usually 
used as synonyms. One of the most complete and accredited definitions of this concept has 
been formulated by SCBD - Secretatiat of the Convention on Biological Diversity (2002),  as 
“a species, subspecies or lower taxon, introduced (i.e. by human action) outside its natural 
past or present distribution; includes any part, gametes, seeds, eggs, or propagules of such 
species that might survive and subsequently reproduce”. This definition has been largely 
accepted by a number of governative bodies such as DEFRA in the UK (NNSS - GB non-
native species secretariat, 2011) or the European Community (Genovesi & Shine, 2004; 
DAISIE et al., 2009). Copp et al. (2005), however, distinguish between introduction sensu 
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stricto that means “mechanical transfer by man of a species (eggs or older stages, propagules) 
to locations not normally achievable by that species” from introduction sensu lato that means 
“the appearance of a species (eggs or older stages, propagules) in a new place because of, 
first, overcoming the barrier, and second, removal of the barrier”, separating in this way man-
mediated introductions from accidental or natural expansions. Temporal constraints, besides, 
might lead to confusions between what is native and what is not. It is usually accepted, 
however, that species that have colonized after the Neolithic, c. 6000 BP, are to be considered 
non-native (Webb, 1985). 
Being non-native does not necessarily mean being invasive because some alien 
species do not pose a threat to the environment or to the human economy and in some cases 
are considered beneficial to human lives (Mooney et al., 2005; Invasive Species Advisory 
Committee, 2006; DAISIE et al., 2009) so sometimes inappropriate use of these words can 
create confusions (reviewed in Colautti & MacIsaac (2004); ISAC (2006); Richardson et al. 
(2000); Sagoff (2005)). Quite often indeed the terms “non-native” and “invasive” are used 
interchangeably (Cassey et al., 2005).  However, there is an overall consensus that invasive 
species can be defined as alien species whose introduction outside their natural distribution 
and subsequent reproduction and spread does or it is likely to cause harm to ecosystems, 
humans, plants or animals wellbeing through competition, predation, grazing, habitat 
alteration, disease and genetic effects (Colautti & MacIsaac, 2004; ISAC, 2006; Manchester, 
S. J. and Bullock, 2000; Mooney et al., 2005; Prentis et al., 2008; Williamson, 1996). In 
other words, alien species can becomes invasive when they pose a threat to native species or 
habitats or disrupt human activities with economic loss, but this happens in only a relatively 
small percentage of the cases (Mooney et al., 2005; Williamson & Alastair, 1996) . Those 
few, however, can do an enormous damage. 
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1.1.3 The worldwide extent of invasions 
The first documented reports of non-native man-mediated introductions, both deliberate and 
accidental, date back to the 18
th
 century when European naturalists recorded the presence of 
Old World species in America (Simberloff & Rejmanek, 2011). Since then and across all the 
19
th
 and 20
th
 centuries there has been a massive mixing of biota globally driven by the surge 
of intercontinental commerce, explorations and general travels. Currently, most habitats 
worldwide list one or more alien populations (Cassey et al., 2005; Mooney et al., 2005).  
Many surveys and inventories on the introduction and establishment of alien species 
have been carried on in the last few decades and the results indicate the commonness of 
invasion events worldwide: for example, 11.000 alien species have been introduced in Europe 
(DAISIE et al., 2009) and 50.000 in the United States (Pimentel et al., 2004), not to mention 
the introductions in small islands such as the Hawaii that have driven so many endemic 
species to extinction (Simberloff & Rejmanek, 2011). Cassey et al. (2005) note, at this 
purpose: “the current mass invasion event (we use this terminology for parity with the current 
mass extinction event) is vastly greater in geographical extent than any single event that we 
know about (or can infer) from the geological past. Our best guess is that there is not a single 
landmass that is unaffected, from the most biodiverse continent to the most isolated oceanic 
island”. 
1.1.4 Origin and routes of invasion 
Assessing the origin and dispersal routes of invaders is not an easy task. Although some 
species are able to disperse very far by themselves (e.g. seeds carried through the wind), most 
introductions in the last three centuries are human-mediated and those account for the 
majority of the censused non-native species (Cassey et al., 2005; Lockwood et al., 2007).  
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In many cases, organisms have been intentionally introduced as agricultural or 
ornamental species, including animals in the fur or pet-trade; in these cases escapees were 
able to survive in the new environment. This was for example the case for Rhododendron 
ponticum, introduced in the UK from Spain in the 18
th
 century as an exotic, expensive plant 
that only subsequently become cheaper and more able to cope with the environment through 
hybridization with other species. More than 50 years were needed to conservationists to 
realize the issues connected to its invasiveness (Dehnen-Schmutz & Williamson, 2006). The 
house sparrow (Passer domesticus) was deliberately introduced for ornamental purposes such 
a large number of times across the world in the 19
th
 century as to become nearly ubiquitous. 
Although the native range of the house sparrow was North-Western Europe, it now ranges 
from Japan to Australia and from North and South America to New Zealand (Anderson, 
2006). The American Beaver is infamously increasing its range in Patagonia where it was 
originally introduced as a fur animal  (Jaksic et al., 2002).  
In addition to escaped domesticated animals and plants, for all the 19
th
 and 20
th
 
century wild birds, mammals and freshwater fish were deliberately relocated and released in 
the wild for hunting or fishing purposes (Lockwood et al., 2007; Nentwig, 2007). This was 
the case for the Eastern cottontail in Italy, introduced by hunting clubs and now widespread 
in North-Western Italy (Bertolino et al., 2011) and the Brook trout (Salvelinus fontinalis) and 
many other freshwater fish in Spain (Elvira & Almodovar, 2001).  
Many introductions have been accidental, such as rats and mice transported through 
commercial vessels in oceanic islands (Towns et al., 2006) or parasites transported through 
their animal or plant hosts, as is the recent case of the world-wide spread of bedbugs 
(Manuel, 2010). Charles Elton (1958) notes that “Nearly all the insect immigrants I have been 
discussing were introduced by mistake [...] but most mammals (other than rats and mice), 
birds, frogs, toads and fish have been brought intentionally in the first instances”. 
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1.1.5 From aliens to invaders: mechanisms of establishment 
The transition from released or escaped individuals to a self-sustaining wild population in a 
new environment is not a simple step. According to Davis (2009), in order to survive and 
spread a potential new invader has to accomplish four tasks: 1) finding a suitable abiotic 
environment; 2) finding access to resources such as food and water; 3) finding each other to 
mate, unless the species is able to reproduce asexually; and 4) avoiding being predated before 
reproducing. The propagules’ ability to perform these tasks depends on characteristics 
intrinsic of the species, of the environment and on the propagule size. 
Williamson & Alastair (1996) estimated that approximately ten percent of the species 
pass the transition from being imported to appearing in the wild, ten percent of these become 
established and ten percent of the established species become invaders, calling this the “Tens 
rule”. Although many data have been gathered in support of the tens rule (Boudouresque & 
Verlaque, 2002; Lonsdale, 1994; Weber, 1997), Richardson & Pyšek (2006) warn that “the 
tens rule is largely an artifact of the particular stage of invasions worldwide and this will 
change over time” but as well “the tens rule is a useful generalization that can be used as a 
benchmark to which real data can be related; deviations indicate taxa with higher or lower 
invasiveness and regions/habitats with lower or higher invisibility”. Other authors such as 
Jeschke & Strayer, (2005) and Williams & West, (2000), however, completely disagree with 
the tens rule finding values as high as 50% between each step. 
One of the main aims of invasion biology is to investigate the biological and 
ecological factors that make an invader successful. The current consensus is that some 
species are better invaders than others and that some biological attributes could offer some 
advantages in different environments (Wardle et al., 2011). These attributes generally depend 
on the examined taxon and there is no general consensus in the literature. Rejmanek (2011) 
identifies five attributes that he considers common indicators of invasiveness across all kind 
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of organisms: 1) the rate of population increase, fertility, fecundity or grow rate, must be 
high; 2) population fitness must be consistent over a broad range of environments; 3) the time 
between birth and the first reproductive event, must be as short as possible; 4) the rate of 
population expansion must be as large as possible; and 5) competitiveness must be high, 
potentially with self-suitable modification of the environment. Williamson & Fitter (1996) 
identify dominance, size and number of seeds as main factors leading to invasiveness in 
plants, whereas  Rejmanek & Richardson (1996) identify short juvenile period, short interval 
between large seed crops and small seed mass as plant invasiveness determinants but think 
that those factors are eventually more linked to propagule pressure than to proper biological 
factors. Lloret et al., (2005), investigating plant invasiveness in Mediterranean islands, find 
that vegetative propagation, large leaf size, time of flowering and seed dispersal mechanisms 
are determinant. Nentwig (2007) argues that evolutionary adjustments to the new 
environments are important in later stages but some pre-adaptations are necessary. Across the 
possible general pre-adaptations that could facilitate the establishment of animal invaders are: 
a large niche breadth (generalists are more successful than specialized organisms), 
behavioural flexibility and social behaviour. Overall, therefore, there is not widespread 
consensus on what traits make a species a successful invader. Blackburn et al. (2009), on this 
purpose, state: “which characteristics are likely to be important for success will depend on the 
relative importance of the extinction processes, and also how life-history variation serves to 
mitigate these processes. Because this has been difficult to predict a priori, so too has been 
the likely influence of different traits”. 
Biologists have long observed that some habitats contain just a few invaders whereas 
others contain many. It can therefore be inferred that, together with biological characteristics, 
some factors intrinsic in the ecosystem contribute to increase establishment success. 
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The susceptibility of an ecosystem to be invaded by alien species is called invasibility. 
Elton (1958) first noted that complex ecosystems are less prone to invasions because of 
competitive interactions: the more species there are, the more niches are occupied and an 
exotic species will likely overlap with a native one in habitat and resources. As a 
consequence, becoming an invader is more difficult for taxa related to native species than for 
unrelated ones, according to Darwin’s naturalization hypothesis (Schaefer et. al., 2011; 
Strauss et al., 2006). Most existing studies on competitive resistance to invaders come from 
plant communities and have been reviewed by Levine et al., (2004). Their aim was “to 
quantify the contribution of resident competitors, diversity, herbivores and soil fungal 
communities” on non-native species establishment and their subsequent performance once 
established. Excluding fungal communities, all the other factors were found significant in 
reducing the establishment and survival of invaders. None of the examined factors, alone or 
together, was able to completely repel invasions, but did constrain invaders’ abundance 
within the community.  
By studying long-term invasion patterns on plant communities Von Holle et al. 
(2003) deduced a factor influencing the establishment of exotic trees in forests. They called 
this factor “biotic inertia” and it is a consequence of the fact that most of the biomass in forest 
communities is composed by long-living species with a slow turnover, so that a new invader 
faces a long wait to replace the native trees. The authors suggest that biotic inertia can 
contribute to the resilience of tropical forest ecosystems to invasiveness. Disturbance of 
native plant communities, therefore, is considered an important factor enhancing exotic 
establishment (Hobbs & Huenneke, 1992). Lockwood et al. (2007), furthermore, suggest that 
predation and the lack of a mutualistic partner are additional factors that reduce the 
probability of establishment. Competition, on the other hand, can facilitate establishment by 
reducing predation on the alien species. The authors also discuss in detail the “escape” 
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hypothesis, according to which the lack of the natural predators, parasites or herbivores of a 
species in the new environment increases an invading species’ fitness. They find the evidence 
on this hypothesis equivocal, but agree that it could explain at least in the short term why 
only some species manage to establish. Overall, they say, more than one of the examined 
factors can contribute to the success of a species’ attempted establishment, including biotic 
and abiotic factors such as climate, but it is difficult to produce an experiment that will clarify 
the question and this topic remains uncertain. 
Although research indicates a lack of species’ traits or traits of the receiving 
ecosystem that consistently predict invasiveness, studies also indicate a major factor 
contributing to a species’ establishment that is neither a species’ trait nor an ecosystem trait: 
the propagule pressure or ‘introduction effort’ of the introduction.  Lockwood et al., (2005) 
define it as “a composite measure of the number of individuals released into a region to 
which they are not native. It incorporates estimates of the absolute number of individuals 
involved in any one release event (propagule size) and the number of discrete release events 
(propagule number)”. This is equivalent to saying that the higher is the number of released 
individuals and the number of releases, the higher will be the chances that an organism will 
establish into a new area. Large populations are less likely than small populations to decline 
due to stochastic fluctuations of demographic, genetic or environmental factors and are less 
subject to Allee effects. In addition, if individuals are spread across a large area because of 
multiple introductions and there is gene flow between subpopulations it is less likely that 
small populations will go extinct. If environmental factors become unfavourable, it is less 
likely that all the subpopulations or a large introduced population will die out. Different 
numbers of introductions explain also, according to Lockwood et al. (2005), the apparent 
idiosyncrasy of establishment processes when there is no information on the propagule size.  
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Lockwood et al. (2009) widen the concept of propagule pressure, introducing the idea 
of ‘colonization pressure’, defined as the number of introduced species in a given area, 
passing from population level to community level. Colonization pressure is considered as a 
null hypothesis to explain differences in exotic species abundances in a given area: the more 
you introduce, the more you get (in terms of number of species). This is considered a viable 
explanation to account for a positive trend in numbers of established exotic species in a given 
area (Veltman et al., 1996; Lonsdale, 1999): before looking for invasibility factors, it is 
necessary to take into account the colonization pressure to not confuse the two phenomena 
(Sol et al., 2007). 
1.1.6 Spread 
According to Davis (2009), population persistence is the ongoing accumulation of 
establishment  success at individual level, with individuals dispersing within the same site 
and merely perpetuating the original population. Species spread, on the other hand, is the 
ongoing accumulation of establishment successes at population level, with propagules 
produced within the site and dispersed outside it within the invaded area. Dispersal dynamics 
are a key factor in the invasion process (Colautti et al., 2006; Williamson, 1996). The extent 
of spread is typically positively correlated with time since introduction (Wilson et al., 2007): 
following their introduction, exotic species that establish successfully tend to continue to 
disperse within the new area. This, however, is frequently preceded by a “lag-time”, a 
variable period of time during which there is no evident dispersal. The length of lag times and 
their consequences on invasiveness have proven to be unpredictable (Crooks, 2005), since lag 
times depend on several factors. The main reasons for the appearance of lag times before a 
population’s explosive positive trend are considered to be: Allee effects; geometric and 
exponential growing undetected in the first stages, when individuals are below a certain 
27 
 
threshold; sub-optimal habitats; and need of microevolutionary shifts to adapt to the new 
environment (Lockwood et al., 2007). Many types of models have been used to describe how 
invasive species spread through a landscape (Higgins, 1996; Wikle, 2003; Hastings et al., 
2005) at different spatial and temporal scales and different levels of complexity. They range 
from simple reaction-diffusion models to stratified dispersal models or hierarchical Bayesian 
models (Wikle, 2003), depending on the purpose and data availability . 
Dispersal routes of propagules depend on the biology of the species involved and in 
some cases vary even within species. Grosholz (1996) showed that marine species disperse 
less than terrestrial organisms. Some terrestrial invaders, in fact, depend on vectors such as 
wind, water or animals to disperse and this might account for some of the long-distance 
dispersal events. Freshwater animals disperse more easily following waterways, as is the case 
for freshwater fish and invertebrates (Williamson, 1996) and some aquatic mammals such as 
the coypu, but generally speaking terrestrial vertebrates have to take into account landscape 
heterogeneity and linear barriers such as roads and rivers in their spread (Schippers et al., 
1996). 
1.1.7 Population genetics of invasions 
Population genetics focuses on describing the amount of genetic variation and the population 
structure within and among meta-populations or populations and understanding the 
evolutionary patterns that led to the observed variation (Hufbauer, 2004). Within population 
genetics, invasion genetics is a relatively new science that today plays a major role in 
providing information about the source of the introduced populations, the frequency with 
which a species was introduced, the size of each introduction and the subsequent pattern of 
spread. This information is in fact crucial to develop effective mechanisms of control 
(Allendorf and Luikart, 2007).  
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Much attention has been paid to the long term evolutionary consequences of 
bottlenecks and multiple introductions, especially for the adaptive potential of founder 
populations. Much less is known, however, on the short-terms effects of genetic diversity on 
colonization success of a species in a new environment (Crawford & Whitney, 2010). 
Allendorf & Lundquist (2003) state that “the clear association between the greater number of 
introduced individuals and the number of release events and the probability of an introduced 
species becoming invasive suggests that many invasive species are not as genetically 
depauperate as expected”. They also consider that for many species it is important to take into 
account the genetic potential for change, since a number of factors such as founder effects, 
genetic drift and rapid evolution can trigger adaptation and, as a long-term consequence, 
evolution of a non-native species. 
An example is the situation described by Zalewski et al. (2009) and Zalewski et al. 
(2010), regarding the spread of the American Mink in Scotland and Poland. In Poland, 
multiple introductions since the 1980s have lead to a widespread diffusion of this alien 
species. In the eastern part of the country minks spread from Bielorussia, where they were 
released as a game species. Escapees from ranches breeding the animals for the fur trade 
shaped the mink gene pool in the western part of Poland. The authors report that the mink 
genetic diversity in Poland is very high. Multiple releases at different times, geographic 
barriers and the geographic distance from the original release point can explain this result. 
A similar genetic structure has been found by Zalewski et al. (2009) in Scotland for the 
feral American mink populations that live there. In this country a genetic admixture not 
existing in the natural range of the species has been found. Genetic patterns in relation to 
geographical features showed that the Cairngorms Mountains acted as an ecological 
barrier for gene flow in the species and that the majority of population comparisons 
exhibited FST values, a measure of population differentiation, significantly greater than 
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zero. Moreover, Zalewski and co-authors make a point in the paper that habitat specialists 
(as is the case for minks) disperse according to landscape features, with habitats with low 
food amount and high predation risk being avoided. However, habitat suitability is 
generally based on the needs of residential populations and dispersers may not adhere to 
the same habitat features (Fisher et al., 2009).  
Mountains are one of the main components influencing the evolution and spread of 
species. In a study on the red squirrel (Trizio et al., 2005) found that the Alps act as an 
important factor shaping the genetic and demographic structure of the species even if there is 
a continuous conifer forest throughout the whole Alpine arc. Isolation-By-Distance models 
demonstrate not only a significant correlation between genetic and geographic distance, but 
also that local landscape factors such as barriers of unsuitable habitats contribute to 
differentiation. 
The hypothesis that colonization success of a species is strongly determined by its 
genetic diversity is strongly supported by many authors. Crawford & Whitney (2010) tested 
the hypothesis through a laboratory experiment on an invasive plant species, Arabidopsis 
thaliana. This study demonstrated that high genetic diversity increases plant colonization 
success, measured in terms of several fitness variables. The patterns are influenced by 
interactions among the genotypes in the examined populations, as evidenced by non-additive 
effects on diversity on all responses. A controversial result of this experiment, however, 
shows that population density has no effect on the spreading rate of A. Thaliana. Sanders 
(2010) explains this result as a consequence of the experimental design that lacks of 
environmental or demographic stochasticity.  
Small founder size and genetic variation, on the other hand, do not necessarily limit 
the spread of invasive species. Zeisset and Beebee (2003), assessing the genetic diversity of 
two introduced populations of Rana ridibunda in England, found that bottleneck effects did 
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not significantly affect the fitness of the two populations even though the populations were 
derived from a founder size as small as 12 individuals. The populations were however 
significantly differentiated from each other and from a reference population in the native 
range (Hungary). The American muskrat, a highly successful invader in Europe, shows only 
one haplotype across all his range, indicating one single maternal lineage (Zachos et al. 
2007). Interestingly, the muskrat population in Poland has declined dramatically in the last 
two decades, probably as a consequence of the expansion of the American mink, a natural 
predator of the muskrat in their Neoartic natural range (Brzeziński et al., 2009). This inability 
to cope with its natural predator might be explained in terms of low adaptive potential or 
reduced fitness due to the small genetic diversity of the prey but not of the predator. 
A similarly low genetic diversity was found for the north American Colorado potato 
beetle (Grapputo et al., 2005) introduced in Europe. The analysis of mtDNA and AFLP 
markers of this highly vagile species assessed that the European populations show a 
significant reduction at nuclear markers compared to the populations in the native range and 
are fixed for one mitochondrial haplotype. These results suggest a single successful founder 
event. High levels of population structure and low gene flow among populations on both 
continents were found, too. 
Genetic tools can be used to investigate a wide range of aspects of biological 
invasions. For example in Hawaii invasion genetics was used to develop a control strategy for 
feral cats. Genetic diversity, population structure, gene flow, connectivity among populations, 
potential source populations were studied  by Hansen et al. (2007) to characterize population 
dynamics and evaluate sex-biased dispersal of this invader. The results showed a high genetic 
diversity for these cats and low levels of genetic differentiation associated with high gene 
flow across populations.  
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1.1.8 Ecologic impacts of invaders 
The level and type of ecological impact consequent to biological invasions varies greatly but 
it is possible to infer some general guidelines (Simberloff & Rejmanek, 2011). At individual 
level the main disruption of non-native species on the ecosystem can act at genetic level: 
some introduced species can interbreed with native populations causing hybridization or 
introgression, defined as the movement of a gene from one species into the gene pool of 
another by repeated backcrossing. The genetic integrity of the native population will be lost 
and in time the native genotype will become extinct. The consequences will be more severe if 
the native species is rare and immigration rates are high (Huxel, 1999; Simberloff & Rhymer, 
1996). An example of this applies to the ruddy duck, Oxyura jamaicensis. This species was 
introduced in Great Britain in the mid-20
th
 century and spread to other European countries, 
including Spain, where native populations of the similar and very rare white headed-duck 
Oxyura leucocephala are present. The two species can hybridize producing fertile offspring 
and backcrosses with both parental species are equally viable. The first hybrids appeared in 
Spain in 1991. Subsequent genetic analysis assessed that, since most of the hybrids had ruddy 
duck mtDNA, most crosses were between female ruddy ducks and male white-headed ducks. 
This may have been a consequence of an eradication programme that privileged the 
elimination of males. Despite the hybridization was extensive, no introgression was observed, 
possibly because of the intense eradication programme (Muñoz-Fuentes et al.,2007). The 
American black duck (Anas rubripes), on the other hand, after a few decades from the 
introduction of the European mallards (A. platyrhinchos) suffered a significant reduction in 
genetic differentiation through hybridization and introgression, compromising the integrity of 
the species (Mank et al., 2004). 
At population level, invasive species can affect native populations by changing their 
structure or abundance. Population extinction is the most extreme form of this impact. There 
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is a wide range of ways in which two species can interact. Competition, predation and 
parasitism are just a few examples of direct interactions that can affect the abundance of 
native species and hence influence ecosystem processes (Chapin et al., 2000). Competition 
occurs when two organisms exploit the same ecological niche and therefore resources will 
become a limiting factor for the growth of both species. In most cases the native species 
appears to be subordinate. The American mink and the native otter in Scotland (Clode & 
Macdonald, 1995), the European red fox and the native quoll in Australia (Glen & Dickman, 
2008), the spotted knapweed (Centaurea maculosa) and Mt. Sapphire rockcress (Arabis 
fecunda) in Montana, USA (Lesica & Shelly, 1996) are examples of species competition.  
The impact of predation on native populations and species is by far the most discussed 
and the most devastating because, by definition, a predator kills its prey. The effect is 
therefore more severe and definitive than in the case of an herbivore grazing on a plant or of a 
parasite infesting its host. As an extreme example of predation is reported that one single cat 
was able to wipe out an endemic subspecies of the deer mouse Peromyscus guardia on 
Estanque Island, in the Angel de la Guarda archipelago between 1995 and 1998 (Vázquez-
Domínguez et al., 2004). The cat was the only introduced predator on the island. 
At community level mainland communities are usually considered more resilient than 
isolated communities: the impact of invasive species is more negligible and extinctions are 
less likely to occur in large ecosystems. Evolutionary isolated environments, on the other 
hand, are particularly sensitive to the introduction of alien invaders because the likely 
evolution in absence of grazers, predators or competitors makes the endemic species less able 
to cope with environmental changes such as the introduction of a new predator (Sax & 
Brown, 2000). There are many examples of mass extinction in isolated ecosystems driven by 
non-native species. The introduction of the Nile Perch (Lates niloticus), for example, resulted 
in the extinction of more than 200 other fish species in the big African lakes (Ogutu-Ohwayo, 
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1990) and the Brown tree snake (Boiga irregularis) is responsible for the near extermination 
of Guam’s native forest birds and other small vertebrates (Lowe et al., 2000; Wiles et al., 
2003). Although only a small fraction of introduced species manage to establish and become 
invasive, the effects can be devastating and, given the impossibility to stop many voluntary or 
accidental releases, it is becoming an increasing priority to study and understand the 
mechanisms driving biological invasions. 
1.1.9 The management of invasions 
Invasions can be dealt with in two general ways: prevention and control (possibly including 
eradication). Prevention efforts consists of a combination of laws, risk analyses and border 
controls (Davis, 2009). Laws and controls, however, must be enforced so there is no 
guarantee they will be effective. Ruiz and Carlton (2003) propose a vector analysis that 
identifies the transfer mechanisms, assess how and when they work to carry the pest 
organisms and from where they originate, the relative effectiveness of each vector, how to 
disrupt the supply line and how effective this disruption will be. 
If prevention fails, early detection efforts such as monitoring of sensible areas have 
proven to be an effective way. Australia for example has been using ‘sentinel sites’ for many 
decades to monitor the spread of pest insects, fungi, viruses and plants. (Davis, 2009). 
Molecular tools have proven as well to be effective in assessing the presence of some 
organisms at early stages of invasions. Ficetola et al. (2008), managed for example to detect 
the presence of the invasive bullfrog Rana catesbeiana by amplifying short fragments of 
mtDNA that persist in water for a period of time, even when densities of this invader are low. 
Once a species is established, however, eradication is usually considered the most 
desired management option. Although there are several successful examples of complete 
eradications of newly established invaders, this is not always possible because of range size, 
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costs or impact on the general public. Notable examples of successful eradications are the 
complete elimination of the American muskrat and coypu from Great Britain (Gosling and 
Baker, 1989) and the eradications of rats and cats from many small oceanic islands (reviewed 
in Howald et al. (2007); Nogales et al. (2004)). Rejmanek and Pitcairn (2002), however, say 
that with a realistic amount of resources is very unlikely that invasive plants that have spread 
more than 1000 Ha can be eradicated. This suggests that eradications can be considered an 
option only in small islands or during the early stages of invasions. The human dimension of 
eradications must also be taken into account, since conflicts between animal rights 
campaigners and conservationists can lead to eradication failures (McNeely, 2001; Bertolino 
& Genovesi, 2003). 
If prevention fails and eradication is not possible, then management efforts must focus 
on containing subsequent spread and/or reducing the impacts of the pest species. Many types 
of management efforts have been developed and used according to the target species. 
Wittenberg and Cock (2001) identifies five types of management efforts: mechanical controls 
(using for example firearms or traps), chemical control (using pesticides or poisons), 
biological control (using predators or pathogens), habitat management such as prescribed 
burning or grazing, and Integrated Pest Management (IPM), which uses a combination of the 
above methods. Management by Direct Evolution (MDE) is a recent management technique 
based on knowledge of the genetics and biology of both pest and affected native species.  
Schlaepfer et al. (2005), for example, suggest “to actively manipulate the genetic 
composition of native populations to increase their rate of evolution. This could be carried 
out by inoculating naïve populations with individuals from experienced populations that 
contain morphological or behavioural traits that are potentially useful”. Davis (2009) suggests 
that the gene pool of invaders can be manipulated by introducing genes from non-invasive 
populations. This could be achieved by breeding in captivity maladaptive individuals and 
35 
 
releasing the offspring in the wild. Abdelkrim et al. (2005) and Hansen et al. (2007), 
however, warn that a thorough examination of the population genetics of the target species 
should be carried out to increase control effectiveness, minimize risks of failure and reduce 
management cost by culling more individuals than necessary. 
 
1.2 The American eastern grey squirrel as an invasive species 
1.2.1 An overview 
At least 20 different species of Sciuridae have been introduced across the world, and most of 
the known introductions have successfully become invasive (Long, 2003; Bertolino, 2009).  
One of the worst invasive species that threaten the biodiversity and ecosystem 
stability of the many countries where it has been introduced is the American eastern grey 
squirrel Sciurus carolinensis Gmelin, 1788 (referred to just as the grey squirrel in this thesis). 
This Sciurid has been introduced multiple times in several countries across the World: 
Australia, South Africa, Canada, Great Britain, Ireland and Italy (Bertolino, 2009; Huynh et 
al., 2011). The species is now well established in all the countries were it was introduced 
(Bertolino, 2008), excluding Australia, where it went extinct, and Hawaii were it was 
eradicated (Palmer et al., 2007).  
In Europe it competes with the native red squirrel (S. vulgaris) driving it to local 
extinctions in most of the areas they occupied together (Wauters and Gurnell 1999; Skelcher 
1997; Gurnell et al. 2004). In Britain the species is known to debark – and kill – trees, 
altering long-term established forest composition and causing economic losses (Dagnall et 
al., 1998; Mountford 1997). 
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1.2.2 The Grey squirrel in the USA 
The eastern grey squirrel is a medium sized arboreal squirrel that occurs naturally in mature 
broadleaved woodlands in the eastern United States. Its range extends from the Gulf of 
Mexico to Canada and from the Atlantic coast to the edges of deciduous forests westwards 
(Koprowski 1994). The grey squirrel is noted for its scatter-hoarding habits, that is, caching 
individual food items such as acorns below the ground surface as a food source during winter 
and springtime. This behaviour is critical for the survival of individuals and allows the 
animals to remain active through the winter even in harsh conditions. Food is represented by 
pine seeds, acorns, beechnuts, walnuts, and hickory nuts, but also by a variety of other plant 
and animal material such as fungi, fruit, eggs, nestlings, insects, flowers or bark (Steele and 
Koprowski 2001). Several studies suggest these rodents have a complex social system: they 
share nests and show friendly behaviour towards their close kin (Thompson, 1978). Males are 
dominant over females, adults are dominants over subadults, and pregnant and lactating 
females are solitary. Grey squirrels are not territorial and their home ranges overlap 
considerably. Furthermore they are known for migrations extended over large geographic 
areas in the USA, which possibly represent widespread dispersal events (Steele and 
Koprowski 2001). In their natural range they are sympatric with the substantially larger fox 
squirrel, Sciurus niger. The fox squirrel occupies a different, less arboreal, niche (Derge & 
Yahner, 2000). 
1.2.3 First introductions and past spatial spread in Britain 
There are not many records regarding the first introductions of the American grey squirrel in 
Europe, prior to 1930. Nevertheless the history, spread and behaviour of the American grey 
squirrel in Great Britain have been very well surveyed and documented from 1930 onwards.  
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The first records on the status and spreading of Sciurus carolinensis in England, 
Scotland and Wales are due to Arthur Douglas Middleton (Middleton, 1930, 1932, 1935; 
Parsons & Middleton, 1937), who carried out several national surveys in the 1930s and 
recorded all the past introductions that he knew of (Middleton 1931). According to those 
records, a minimum of 32 effective introductions were carried out in the British Isles: at least 
seven introductions directly from the USA (the largest of which consisted of about 100 
individuals); and one from Ontario, Canada (3 individuals introduced in Loch Long, 
Scotland). Of the other 24 introductions, 7 were relocations across the country from a big 
nucleus in Woburn Abbey; three were relocations of individuals from London; one is from 
Bournemouth, from a nucleus originally coming from London; one is from Edinburgh zoo, 
but the origin of the Edinburgh Zoo squirrels was not known to Middleton; and the remaining 
12 introductions were of unknown origins (See Appendix A4 for details). 
After a few decades from the period of their introduction (the first record of 
introduction dates to 1876, and the last recorded introduction from the USA dates 1915), 
squirrels had settled in and were thriving in the UK, expanding their range. In the 1930s, at 
the presumed end of all introductions and relocations, Middleton (1931) reports that grey 
squirrels where found in three main areas in England: the Midlands, Cheshire and part of 
North Wales, and Yorkshire (see Figure 1.1). Those three large populations derived from the 
spreading and merging of several of the introduced populations. Furthermore, there were 
three different populations in Scotland (one from Canada, one from Edinburgh zoo and one 
of unknown origin) and one in Ireland, (12 individuals were introduced in Longford, Ireland 
from the Woburn nucleus, in 1911) (Boyd-Watt, 1923a). By 1937 the population’s range was 
quite large and Parsons and Middleton (1937) were able to spot six main areas occupied by 
grey squirrels. 
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The next survey dates to 1944-5 (Shorten, 1946). By that date all the southern 
populations had merged, whereas the Cheshire-North Wales and Yorkshire populations 
where still distinct, although larger. As Middleton (1931) already pointed out, there was a 
tendency for squirrels to spread towards the southwest and in the years 1945-1952 (Shorten, 
1953) the colonization of Wales and the southwestern counties began. In particular, Shorten 
(1946) notes that in Northumberland and in the eastern counties, previously reported 
introductions of grey squirrels failed, because at that time no grey squirrels were found in 
these areas. A distribution map drawn by Shorten (1957) shows that by 1955, the three 
populations of grey squirrels in Scotland where about to merge. 
Lloyd continues Shorten's work in the 1960s, surveying the distribution of squirrels 
(both grey and red) in England, Scotland and Wales in 1959 (Lloyd, 1962) and in 1971 
(Lloyd, 1983). Both Shorten and Lloyd used the parish as the basic unit for recording 
purposes, submitting tailored questionnaires to at least one person in each parish. In 1959 the 
spread of squirrels in Essex and Suffolk was still slow, suggesting to Shorten that the habitat 
was unsuitable. By 1971 (Lloyd, 1983), however, grey squirrels had further spread eastwards 
and westwards, leaving only the northern counties nearly squirrel-free in the whole of 
England. Lloyd notes anyway that it is remarkable that grey squirrels’ northern limit in 1971 
was almost identical to that recorded in 1945 by Shorten (1946). 
The late and patchy colonization of East Anglia is described by (Reynolds, 1985). In 
this area the spread of the grey squirrel occupied the period 1960-1981. Reynolds points out, 
interestingly, that all the early releases of S. carolinensis in East Anglia where populations 
separated from the main distribution of squirrels, attributing the failure of colonization until 
1960 to stochastic factors in a fragmented area. The author argues in fact that “dispersal 
levels are dependent on the density and breeding success of established populations, whilst 
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successful colonization is dependent on finding an adequate food supply. The essential 
resource, tree seed, is characteristically very variable in abundance”. 
All the authors cited observe a decline in the red squirrel populations that parallels the 
increase and spread of the grey squirrel. It has been long debated whether this decline is 
directly attributable to the presence of the American species (Rushton et al., 2002; Rushton et 
al., 2006; Sainsbury  et al., 2000; Wauters & Gurnell, 1999; Wauters et al., (a) 2002; Wauters 
et al., (b) 2002). Okubo et al. (1989) describe a diffusion-competition model based on 
Reynolds’ data, by comparing the distributions of the two species. Okubo concludes that in 
England grey squirrels spread in waves determined by ecological factors but the advance was 
slower than expected due to the competition with the red squirrel. The paper fails to note, 
however, that red squirrels had disappeared from East Anglia before the grey squirrels were 
able to spread into the area, so the reason for the slow spread must be found elsewhere. 
Okubo et al., furthermore, are the first to notice that the speed of the spread was not 
homogeneous: “the spread appears faster in the Midlands and south of England than it has in 
northern England, Scotland and Ireland but the maps are unfortunately of too coarse scale, 
and too widely separated in time, for a detailed analysis”.  
Since 1973, changes in the distribution have been relatively smaller. Usher et al. 
(1992), on the other hand, used Markovian matrices based on data collected in the field to 
construct a model to study the replacement of the red squirrel by the grey. Their model shows 
little changes between the two species’ distribution in England and Scotland between the 
years 1973-1988, but a net advance of the grey squirrel in Wales and an overall occurrence of 
the grey in forest areas of Great Britain twice as many as the red squirrel. 
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1.2.4 Introduction and past spatial spread in Ireland 
Little was known throughout most of the 20th century about the fortunes of the grey squirrel 
in Ireland, following its first introduction in 1911 in Castle Forbes, Longford. Boyd-Watt 
(1923) reports that after 12 years from introduction they had spread over ten miles. A second 
introduction in 1928 at Ballymahon, in the same county (Longford), is mentioned by Lever 
(1977) but the reliability, origin and success of this latter introduction remains unknown. By 
the mid-forties the species was spreading its range northwards, southwards and eastwards, but 
the spread in the latter two directions is poorly documented (O’Teangana et al., 2000). The 
river Shannon, however, provided an effective barrier to the expansion westwards. Further 
surveys, in the 1970s, are mostly based on anecdotal evidence. The first survey based on 
fieldwork and questionnaires was carried on by (O’Teangana et al., 2000) between 1994 and 
1996. By that date the American rodents had spread in 22 out of 32 counties and by the 
beginning of the year 2000, grey squirrels had advanced as far as Co. Wexford, almost 163 
km southwest from the point of first introduction, colonizing the midland counties, the 
eastern coast and Northern Ireland. The most recent survey in Ireland dates 2007 (Carey et 
al.,2007).  
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Figure 1.1 The grey squirrel spread in the UK, redrawn from maps in Middleton (1931); Parsons & 
Middleton (1937); Shorten (1946, 1953); Lloyd (1962, 1983). Confirmed areas are In black ,areas 
where data were insufficient are in grey  
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In the last few years the grey squirrels have spread significantly northwards (Co. 
Londonderry, Antrim and Donegal) and southwards (Co. Limerick, Waterford, Tipperary). It 
is worth noting that the grey squirrels are now confirmed west of the historical barrier posed 
by river Shannon and can be seen in Leitrim and Roscommon, though they remain 
predominantly absent from this region (Carey et al., 2007). 
 
 
Figure 1.2 Grey squirrel expansion in Ireland, from Carey et al (2007). Left: Expansion from 1911 to 
1997; right: distribution in 2007 
 
1.2.5 Introductions and Past spatial spread in Italy 
In Italy there have been three main documented introductions that resulted in stable, 
documented populations, and several smaller, more recent, or undocumented introductions. 
The first main introduction was in Piedmont, in 1948: a member of the Italian diplomatic 
staff in Washington imported two pairs of squirrels into his villa in Candiolo, near Turin. 
From there, they quickly spread out in the contiguous park of Stupinigi (Currado et al., 
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1987). A second documented introduction occurred from Norfolk, Virginia (USA) in 1966 in 
Genoa, at Villa Groppallo park in Genoa Nervi. This population is isolated by the apparent 
lack of ecological corridors and has remained confined in the urban parkland until recent 
times (Bertolino & Genovesi, 2003).  Venturini et al., (2005), however, indicate that there 
might be a tendency to spread eastwards, since grey squirrel presence was found in 
Bogliasco, east of Genoa. The third introduction took place in Trecate, near Novara, in 1994 
for ornamental purposes: three pairs originally bought by a pet trader from The Netherlands 
were released in a city park. From there they have probably been eradicated, but not in time 
to prevent them from spreading in the nearby Park of the Ticino Valley. The current situation 
of the valley, however, is not clear at present (Martinoli et al., 2010). Even more confusing 
and worrying is the present situation in Lombardy: from 1999 to 2010 grey squirrels have 
been observed in 26 different new localities and there are presently no data on population 
sizes in that region and their origins.   
 
Figure 1.3 Existing Italian populations of American grey squirrels. Redrawn from Martinoli et al. 
(2010) 
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At least five of these areas are at high risk of further expansion. It is likely though that all 
these sightings and colonized areas do not derive from a natural expansion but are human-
mediated, deliberate introductions (Martinoli et al., 2010). From the beginning of this century 
a successful introduction occurred in Perugia, in central Italy, quite far away from grey 
squirrels main range in North-Western Italy (Paoloni et al., 2010). 
After the introduction in Stupinigi park in 1948 the squirrels stayed close to the 
release site, remaining within about 25 Km
2
 for thirty years without any documented attempt 
to spread out. After this lag-time, they began to spread southwards into the Turin's plain. By 
1990 they had colonised an area of 243 Km
2
, which had expanded to 380 Km
2
 in 1997. 
During the following two years the population increased dramatically up to a range of 880 
Km 
2
 in the winter of 1999 (Bertolino & Genovesi, 2003). This range increase does not seem 
to proceed linearly. The wooded area of Stupinigi Park is surrounded by an environment 
unsuitable for squirrels, mainly constituted of agricultural fields, meadows, poplar plantations 
and industrial estates. To get over this ecological barrier a large density increase or a rare 
dispersal or environmental event must have been necessary. The lack of data about squirrel 
densities affects growth rate estimates. A survey conducted in 2004 with hair tubes, however, 
(Signorile, 2004) did not show signs of spread compared to 1999.  
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Figure 1.4 Grey squirrel expansion in the 1970–1999 period in the Turin Plain. From Bertolino & 
Genovesi, 2003 
 
1.2.6 Modelling of future spatial spread 
Several mathematical models have been developed to predict grey squirrel dispersal. A model 
to predict future scenarios in Scotland was designed by Rushton & Garson (1995). It 
consisted of a GRASS-GIS population dynamics model to predict the distribution of red and 
grey squirrels in this country up to 2025 based on the spatial distribution of woodlands. The 
model was tested by predicting past and present (in 1995) distributions of both species using 
Forestry Commission data. The authors concluded that, if the assumptions at the base of the 
model are correct, the grey squirrel might be able to expand gradually northwards in 40 years, 
reaching Great Glen and the east coast to Elgin by 2025. 
A similar, more perfected model was applied in 1997 to investigate the interactions 
between landscape structures and population dynamics of grey and red squirrels in Norfolk. 
The GIS Spatially Explicit Population Dynamic model simulated reproduction, mortality and 
dispersal of both species, varying a series of life history scenarios such as habitat carrying 
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capacity or mortality. The model was able to reproduce accurately the expansion of the grey 
squirrels in East Anglia (Rushton et al., 1997). 
The same methodology was used by Lurz et al. (2001) to build up a model to predict 
grey squirrels expansion in Piedmont, Italy. The analysis highlighted that the main factor 
affecting the population size in this area was the reproductive output. The reproductive rate 
was set to a mean of three pups per litter, a lower value than the one used to describe the 
expansion in Norfolk. According to the model habitat fragmentation and poor suitability is 
responsible alone for the initial slow spread of the squirrels and spread rate is bound to 
increase once the squirrels will reach more suitable areas. The “worst case scenario” of this 
model predicts that grey squirrels should reach the boundaries of France by 2039.  
The population in the Ticino Valley is presently raising most concerns for the risk of 
expansion towards the rest of Europe: the valley might represent an ecological corridor 
towards Switzerland. A Spatially Explicit Population Dynamics Model was then applied once 
more (Tattoni et al., 2006) to predict the fate of this population. The prediction obtained was 
that without control, grey squirrels will invade Switzerland within the next two decades. 
1.2.7 Population genetics 
Despite a growing interest in the genetics of the native red squirrel, very few studies have 
been carried out on the genetics of the European grey squirrel populations. David-Gray et al. 
(1998), studying DNA fingerprinting patterns, found high levels of genetic diversity and no 
relevant differences in two separated populations of grey squirrels in Britain (Alice Holt and 
Thetford) and determined that the squirrels were “genetically diverse despite their relatively 
recent arrival into this country”. McGoldrick (2011), however, using five microsatellites, 
found that “The Irish grey squirrel population is not panmixic, but is significantly 
differentiated into subpopulations at both a local and a national scale”. The author, however, 
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observes high levels of heterozygosity and no signs of inbreeding in the analyzed 
populations.  
The genetic bases of the melanic morphs that occur within British grey squirrel 
populations have been studied (McRobie et al., 2009). Although this form is rather common 
in America, black squirrels are now seen in England only in Bedfordshire, Cambridgeshire, 
and Hertfordshire and the first sighting reported in Britain was in the early 20th century 
(1912). The authors state that “the black squirrel population is increasing in both size and 
geographic range” and try to determine the genetic origin of the mutation. A 24 base-pair 
deletion in the melanocortin-1 receptor (MCR1) is found at the base of this incompletely 
dominant trait. 
As regards genetic tools, Hale et al. (2001) developed 21 microsatellite markers for Sciurus 
vulgaris and tested the level of polymorphism of these markers on Sciurus carolinensis. Fike 
& Rhodes (2009) similarly, developed 26 microsatellite markers for Sciurus niger and tested 
their applicability on S. carolinensis. Spritzer & Brazeau (2003) determined relatedness of 
grey squirrels analyzing RAPD loci from DNA extracted from blood samples, whereas 
David-Gray et al., (1999) used DNA fingerprinting to estimate relatedness. Moncrief et al. 
(2012) used a portion of the mitochondrial DNA cytochrome b gene and part of the D-loop in 
the control region to examine levels of genetic differentiation of grey squirrels in their native 
range. 
Microsatellites have previously successfully been used to estimate the spread and 
genetic structure of populations of other invasive alien species. Lampila et al., (2009); 
Zalewski et al., (2010); Zeisset & Beebee, (2003) and many other authors successfully used 
microsatellites to determine population structure and inbreeding levels, whereas (Hale et al., 
2004; Lizarralde et al., 2007; Moncrief et al., 2012) used mtDNA to reconstruct the 
phylogeographic history of the examined species. 
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1.2.8 How population genetics can contribute to the management of grey squirrel 
invasions  
Although grey squirrel invasions have always been studied and monitored in Europe with 
relation to their competitiveness with the red squirrel, the demographic history of this species 
is still not clearly understood. Nonetheless, extensive management efforts to control grey 
squirrels are implemented in the United Kingdom (Rowe, 1983; Lurz et al., 2002). In the 
Republic of Ireland squirrel management practices are patchy or opportunistic and in Italy 
only recently a thorough management plan was implemented. Most control efforts, however, 
have proven to be ineffective in the long term; woodland recolonization usually follows local 
culls. A study on badgers’ culling shows that control operations disrupt their territoriality and 
alter their spatial organization, increasing their range and overall movements (Woodroffe et 
al., 2005). Although there are not specific studies on the spatial organization and movements 
of grey squirrels after control operations, it is not possible to exclude that results would be 
similar (Abdelkrim et al., 2005). An effective plan to manage grey squirrels could therefore 
greatly benefit from a study on squirrel population genetics and population structure. 
1.3 Thesis aims and outline 
In a world where biological invasions are an increasing threat to the environment and to 
biodiversity (Clavero & Garcıa-Berthou, 2005; Simberloff, 2005) grey squirrels are one of 
the worst invasive species (Mountford, 1997; Lowe et al., 2000; Gurnell et al., 2004a, 2004b; 
Bertolino et al., 2006; Lurz et al., 2008). This rodent has been thoroughly studied both in its 
native range (Koprowski, 1993a, 2005; Steele & Koprowski, 2001; Steele et al., 2006) and in 
the invaded areas and much is known about its biology and ecology (Shorten, 1954; Gurnell, 
1987, 1991; Koprowski, 1994). There is, however, very little published on grey squirrel 
population genetics, particularly in invaded areas (David-Gray et al., 1998a, 1998b; 
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Stevenson et al., 2012). Population genetics of other invasive species has highlighted many 
factors involved in the invasiveness of the examined populations and on the general 
mechanisms of biological invasions (Gaggiotti, 1996; Lee, 2002; Dlugosch & Parker, 2008a). 
Most squirrel genetic studies, however, concentrated on more endangered, native squirrel 
species and on how different levels of genetic variation and differentiation affects the 
survival and persistence of these species (Barratt et al., 1999; Hale et al., 2001b; Lance et al., 
2003; Trizio et al., 2005; Grill et al., 2009). My main goals were, therefore, to understand 
why grey squirrels are so invasive compared to other exotic species, the viability of grey 
squirrel populations, the levels of inbreeding, the source populations and the structuring of 
the sub-populations. This information would have a two-fold utility. The first would be 
directed to conservationists, and the government in the decision making process to set up 
contingency plans that include information on squirrel genetic patterns, for example to 
prevent genetically differentiated populations from merging, to prioritize interventions and to 
clarify the sources of new propagules. Prior knowledge on squirrel genetics could help reduce 
eradication cost and environmental impact, and avoid eradication on scales larger than 
necessary. The second would be directed to scientists: prior knowledge on the effects of 
genetic diversity and structure on spreading rates would be a valuable parameter to be added 
to expansion models of invasive species. Besides, knowledge on grey squirrel population 
genetics could be added to the general knowledge on invasion genetics to better understand 
and investigate the mechanisms that lay behind biological invasions. In this thesis I have 
examined the population genetics of grey squirrels in their non-native range at large, 
European scale and at local scale to investigate the following research questions: 
1) How do levels of grey squirrel genetic diversity and differentiation vary across 
Europe and at local scale? 
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2) Can dispersal rates of an invasive species be related to founder size, genetic 
diversity and genetic structure? 
3) What are the main mechanisms of grey squirrel dispersal in the UK?  
4) Can the knowledge on squirrel population genetics have practical uses in helping 
to manage existing populations and in detecting and preventing further 
introductions? 
 
The first question is addressed in chapters 2, 3, and 4. In chapter 2 I compare levels of 
genetic diversity and structure in different European areas. Chapter 3 focuses on the genetic 
diversity of a small population of recent introduction. Chapter 4 examines levels of genetic 
variation and differentiation in several populations deriving from the same source, and 
compares these levels of genetic diversity to the original genetic diversity of the source 
population, sampled 90 years ago, and to the genetic diversity of a native population. 
The second question is addressed in chapters 2 and 6. Chapter 2 explores if the rate of 
spread of grey squirrels can be connected to founder size, analyzing squirrel dispersal in four 
European areas in the UK, Ireland and Italy. In Chapter 6 I investigate if there is a positive 
correlation between rates of spread and modern genetic diversity in several populations 
across Europe. 
The third question is investigated in Chapter 4: analyzing only populations from the 
UK, where multiple introductions allowed a thorough analysis, I have examined possible 
expansion mechanisms. Chapter 5 also provides some answers to this question, on a wider 
geographical scale. 
The final question is addressed in Chapter 5: using a database that collects all the 
genotypes sampled for this study I apply a forensic technique to investigate the source of new 
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propagules and I attempt to determine if intentional, human mediated translocations are at the 
origin of some long-distance translocations that facilitated squirrel dispersal. 
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2. Do founder size, genetic diversity and structure influence rates of 
expansion of North American grey squirrels in Europe? 1 
 
2.1 Abstract 
Aim. This study investigates how founder size may affect local genetic diversity and spatial 
genetic structure of the invasive American Eastern grey squirrel (Sciurus carolinensis) in 
European areas. It also examines whether dispersal propensity and invasion rate may be 
related to founder size, genetic diversity and structure.  
Location. Piedmont, Italy; Northern Ireland, Northumberland and East Anglia, UK. 
Methods. Across the invaded range in Europe, 315 squirrels from 14 locations, grouped in 4 
main areas, were sampled and examined at 12 highly polymorphic microsatellite loci. We 
estimated both genetic variation and population structure using AMOVA, Mantel tests and 
Bayesian analysis. We also estimated migration rates and range expansion rates. 
Results. Genetic diversity varied in accordance with numbers of founders across populations. 
For instance, the Italian population had the smallest founder size and lowest genetic 
variability whereas Northumberland had the highest of both. Significant levels of genetic 
differentiation were observed in all the examined regions. Gene flow, migration, and 
population range expansion rate were also higher in England and Ireland than in Italy. 
 Main conclusions. Populations descending from human-mediated releases of few individuals 
were more genetically depauperate and more differentiated than naturally spreading, admixed 
populations. Propagule pressure is therefore a significant factor in squirrel invasions. There is 
                                                 
1This chapter was submitted to Diversity & Distributions and a revision and resubmission were 
requested. A revised version will soon be prepared  
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a trend whereby larger founder sizes were associated with greater genetic diversity, more 
dispersal, less local genetic differentiation, and faster range expansion rate in squirrels. These 
findings have important management implications for controlling spread rate of squirrels and 
other invasive species: good practice should prioritize preventing further releases into 
genetically depauperate areas and the merging of genetically distinct populations.        
                                                                                                                                                                                                                                                                                                                                                                 
2.2 Introduction 
A major question of invasion biology is why some invasions tend to be more successful and 
harmful than others. There is limited consensus on the intrinsic physiological and ecological 
characteristics of good invaders, and the relationship between intrinsic characteristics and 
invasion may be complex and of limited predictive use (Kolar & Lodge, 2001; Crawford & 
Whitney, 2010). Instead, research indicates that invasion success depends on the size of 
introduction events (Veltman et al. 1996; Kolar & Lodge 2001; Cassey et al. 2004; 
Lockwood et al. 2005; Sol et al. 2007; Dlugosch & Parker 2008a; LeRoux & Wieczorek 
2009; Hardesty et al. 2012). Genetic bottlenecks at the time of introduction can cause low 
genetic diversity, inbreeding depression and reduced ability to adapt to the new environment, 
limiting the probability of successful invasion (Frankham et al., 2002). When effective 
population size is low, stochastic loss of genetic variation is more likely and drift can 
overcome selection on evolutionary pathways. This can have a long term impact on fitness 
and population dynamics (Lammi et al., 1999; Reed & Frankham, 2003; Reed et al., 2007; 
Roman & Darling, 2007). Conversely, many introduced individuals or multiple introductions 
can lead to much genetic variation, which limits inbreeding depression, promotes adaptation, 
and facilitates invasion. These ideas and evidence supporting them are reviewed by Sakai et 
al. (2001), Lee (2002), and Dlugosch & Parker (2008a).  
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It is less clear, however, how founding events influence genetic diversity and genetic 
structure of invasive populations across their expanding range and how this, in turn, interferes 
with or promotes colonization and its speed (Lee, 2002; Ramstad et al., 2004; Myburgh et al., 
2007; Cameron et al., 2008; Crawford & Whitney, 2010). Population genetic structure may 
be a critical piece of information for effective management of invasive species since it may 
provide a basis for defining management units, for assessing levels of isolation among 
populations, and for predicting future expansion. Knowledge of population genetic structure 
may also help identify populations that are more at risk of becoming invasive (Ramstad et al., 
2004), or where invasion rate would be increased if populations were supplemented with 
additional introductions or mergers.  
Because small introduced populations are expected to have low genetic diversity, 
invasion success of small founding events, when it occurs, can also be something of a 
mystery. It is important to better understand how population-genetic mechanisms link 
founding events to expansion in order to understand how small founding events can 
sometimes lead to damaging invasions. The success of some very small introductions has 
been regarded as the effect of adaptive phenotypic plasticity which overcomes the 
consequences of suboptimal conditions (Dlugosch & Parker, 2008b; Le Roux et al., 2008), of 
wide environmental tolerance, or of idiosyncratic species-related advantages. For instance, 
for Argentine ant species, super-colony formation in invasive populations is due to the loss of 
alleles linked to intraspecific aggression. This particular allelic loss facilitates, rather than 
inhibits invasion (Tsutsui et al., 2000). This case is far from typical, however (Lammi et al., 
1999; Reed & Frankham, 2003; Kolbe et al., 2004; Reed et al., 2007; Roman & Darling, 
2007), so it is important to examine the population-genetic structure of invasions which 
sprang from small founder sizes (Le Page et al. 2000; Zeisset & Beebee 2003; Grapputo et al. 
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2005, 2006; Thulin et al. 2006) and to relate genetic structure to founder size to try to 
illuminate mechanisms that enable invasions.  
Populations of the American Eastern grey squirrel (Sciurus carolinensis) arising from 
widely differing release events in comparable landscapes are examined here. The grey 
squirrel is an ideal model species for this purpose because it has been introduced with 
different numbers of individuals in different European countries and detailed records of 
introductions exist (Middleton, 1930, 1931; Martinoli et al., 2010). The grey squirrel is one of 
the most invasive species worldwide (Lowe et al., 2000); the knowledge gained here might 
also assist with the management of this invasive species.  
The populations we consider are in Piedmont, Italy, East Anglia, Northumberland and 
Northern Ireland, UK (Reynolds 1985; Williamson et al. 1986). These populations originated 
from a wide range of founder sizes from large (Northumberland) to very small (Italy). In 
England, where multiple introductions occurred in the 19
th
 and 20
th
 centuries, the last areas to 
be colonised by grey squirrels were Cumbria (Lowe 1993;  2007; Lurz 1995) and 
Northumberland, where populations arrived from the south in the late 1990s (National 
Biodiversity Network's (NBN) Gateway database). Grey squirrel spread has continued 
rapidly through these areas since then, and now most forests in Northumberland are colonised 
(Parrott et al., 2009; Webber, 2011). We consider spread from Yorkshire (Lowe 2007), where 
at least three different translocations occurred in the early 20
th
 century (Middleton, 1931). 
Therefore, squirrel colonization in Northumberland originated from an admixed gene pool, 
and a large founder size can be assumed. In Ireland, only one introduction is known to have 
occurred, of 12 individuals in 1911 at Castle Forbes, Co. Longford (Watt, 1923). Grey 
squirrels have now colonised the eastern part of Ireland (Carey et al., 2007). Colonization of 
Northern Ireland started in the early 1970s from the south and has now reached the north 
coast (Carey et al. 2007; Tangney & Montgomery 1995). In Piedmont, Italy, four squirrels 
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were released in Candiolo, near Turin, in 1948 (Martinoli et al., 2010). After a 20-year lag 
phase with little expansion (Lurz et al., 2001), squirrels had spread over only 2016 km
2 
 by 
2011 (Bertolino unpublished data). The spread of grey squirrels into East Anglia was 
recorded by Reynolds (1985) from 1960 to 1981. East Anglia was colonised from the 
southwest and by a few possibly man-mediated releases in the easternmost part of the 
country. Only the southwest invasion is considered here. 
An analysis of the effects of founder size on the genetic diversity and structure and 
colonization success of an introduced species has seldom been done because of the scarcity of 
records on founding events and the difficulty of obtaining genetic and spread-rate data. The 
aim of this study is therefore to associate current genetic diversity, genetic structure and 
colonization success at local scales with the circumstances of past introductions obtained 
from detailed historical records. We focused on these specific questions: 1) How does 
squirrel genetic diversity at local scales vary across populations that sprang from different 
introduction events? 2) Given the examined range of founding events, the short time span 
since the introduction, and the high vagility of the species, is it possible to observe substantial 
genetic differentiation among the sampling locations within the sampling areas, and how does 
the degree of differentiation appear to relate to founder size and diversity? 3) Do the data 
suggest any relationship among founder size and genetic measures, dispersal propensity and 
population expansion rate?  
 
2.3 Methods 
2.3.1 Study areas, sampling and genotyping 
The three study areas and the additional population in East Anglia (Figure 2.1; Table 2.1) 
were selected to span a range of founder sizes, as described in the Introduction. The term 
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“study area” refers to the sampled areas of Northumberland, East Anglia and Northern 
Ireland, UK, and Piedmont, Italy.  
 
Figure 2.1 Maps showing the study areas, the additional population in East Anglia, and the positions 
of the 13 sampling locations in the areas. 
 
All four study areas were plains crossed by rivers in fragmented habitats dominated by arable 
crops and meadows with interspersed broadleaf or mixed broadleaf and conifer woodlands. 
All sampling locations fell well within the range of altitude and climate conditions of the 
natural distribution of the species (Gurnell, 1987; Koprowski, 1994; Blackburn & Duncan, 
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2001; Gurnell et al., 2004b). The term “location” or “sampling location” refers to squirrels 
from the same woodland, within a study area (dots in Figure 2.1 detail panels).  
Habitats in the study areas had similar fragmentation levels. Effective mesh size (Meff) 
and mesh density (Seff) were used by the European Environment Agency to measure 
fragmentation (EEA-FOEN, 2011), and we use their results as an approximate indicator of 
fragmentation as experienced by squirrels. Effective mesh size (km
2
) is a central-tendency 
habitat fragment size. Effective mesh density is 1000 km
2
/Meff, and is larger for more 
fragmented landscapes. Because the indices are reciprocal we present only Seff. In the 
Piedmont area, Seff is 10.17 meshes/1000 km
2
, in Northern Ireland it is 9.30, in 
Northumberland it is 2.46, and in East Anglia is 15.59 meshes/1000 km
2
. The 
Northumberland value is for the whole county, including large forests in the northwest. 
Effective mesh density for the southern part of the county, where squirrels were sampled, 
would be higher and closer to the Piedmont and Northern Ireland values. These values are 
very similar across the sampled areas relative to the variation across Europe as a whole, over 
which values range from the hundreds (135.17 for Luxembourg, 105.11 for Belgium) to less 
than 1 (0.40 for Norway, 0.69 for Finland) (EEA-FOEN, 2011). 
DNA samples from Northern Ireland, Northumberland and East Anglia were collected 
by control schemes in 2010-2011. The tip of one ear was stored in pure ethanol. In Piedmont, 
permits were obtained to capture and release the squirrels, and samples were 1 mm biopsy 
punches from the ear flap. Captures were carried out between 15
th
 June and 15
th
 August 2010, 
and in shorter sessions during 2011. Five additional samples were collected from road kills.  
In total, 315 squirrels from 14 locations were genotyped at 12 microsatellite loci. 
DNA was extracted using a QIAGEN DNeasy Blood and Tissue Kit (Qiagen Ltd) or  Wizard 
SV 96 Genomic DNA Purification System (Promega) according to manufacturers’ protocols. 
A first screening with 25 microsatellite markers developed for S. vulgaris, S. niger and S. lis 
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and selected for their likelihood to amplify S. carolinensis DNA (Hale et al. 2001; Fike & 
Rhodes 2009; Lance et al. 2003; Shibata et al. 2003) was done to select the most suitable loci 
for this study. Selection criteria included ability to amplify, polymorphism, genotyping errors 
and multiplex constraints. Twelve loci were selected, six originally developed for Sciurus 
vulgaris, SCV1, SCV4, SCV6, SCV13, SCV18, SCV31, (Hale et al. 2001); and  six 
originally developed for Sciurus Niger, FO11, FO36, FO46, FO54, FO63 (Fike and Rhodes 
2009), DFS27 (Lance et al., 2003). The 12 primers were arranged in three multiplexes by 
hand. The set up was confirmed using Multiplex Manager 1.0 (Holleley & Geerts, 2009). 
PCR reaction mixtures consisted of 4 μL of Multiplex PCR Kit (QIAGEN), 10-20 ng of 
template DNA and 1 μL of the chosen primer mix (primer concentration 2 μM). Three 
thermal cycles were used (Table A.1, Appendices). Diluted PCR products were run with an 
ABI Prism 3100 Genetic Analyzer (Applied Biosystems). Alleles were scored with 
GeneMapper 3.5. To reduce genotyping errors, all genotypes were repeated at least twice and 
positive and negative controls were added to each PCR plate.  
2.3.2 Hardy-Weinberg equilibrium and genotyping errors 
Deviations from Hardy-Weinberg equilibrium at each locus and in each location were 
investigated with Fisher’s exact test implemented in GENEPOP 4.1 (Raymond & Rousset, 
1995) (default parameters used). Pairwise linkage disequilibrium for each pair of loci for each 
location was tested with a likelihood ratio statistic using the Markov chain algorithm of 
Raymond & Rousset (1995) in GENEPOP 4.1. Evidence for large allelic drop-out, null 
alleles or stuttering was assessed with MICRO-CHECKER 2.2.3 (van Oosterhout et al., 
2004). All critical significance levels for multiple testing were adjusted for type I errors using 
the sequential Bonferroni correction with nominal significance 5% as described in Rice 
(1989). 
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2.3.3 Genetic diversity  
Mean number of alleles (Na), number of effective alleles (Ne), and observed (HO) and 
expected (HE) heterozygosity at each locus in each location were estimated with GenAlEx 
6.41 (Peakall & Smouse 2006). Inbreeding coefficients (FIS) were calculated and tested for 
significance with Genetix 4.05 (Belkhir et al. 1996-2004). Allelic richness (Ar) and allelic 
richness of private alleles (PAr) were estimated with HP Rare 1.1 (Kalinowski, 2005), which 
uses rarefaction analysis to correct for different sample sizes.  
2.3.4 Genetic structure and gene flow 
Pairwise genetic differentiation (FST) was calculated by GENEPOP 4.1 according to Weir & 
Cockerham (1984), and FSTAT  (Goudet, 1995) was used to test significance. Hierarchical 
analysis of molecular variance (AMOVA), as implemented in Arlequin 3.11 (Excoffier et al. 
2005), was used for an initial assessment of genetic structures. The hierarchical levels used 
were within individuals, among individuals within locations, among locations within 
sampling areas, and among sampling areas. Significance of covariance components was 
assessed by 50000 permutations.  
The patterns of genetic structure of the grey squirrels were also examined at different 
hierarchical levels with STRUCTURE 2.3.4 (Pritchard et al. 2000), which uses a Bayesian 
approach to make unsupervised assignments of individuals into a number of clusters (K). The 
most likely K is inferred as the value at which the greatest rate of change of the log 
probability function between successive K values (ΔK) occurs (Evanno et al., 2005). The 
analysis was carried out for the entire data set to determine the uppermost hierarchical level 
of population structure. To investigate hidden nested structure, a subsequent analysis of each 
cluster defined by the first analysis was done. This second analysis considered locations 
within sampling areas, excluding the single location in East Anglia (Figure 2.2). For each run, 
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the first 100,000 MCMC steps were discarded as burn-in followed by 100,000 MCMC steps 
that were used. The admixture model and correlated allele frequency model were selected. 
Runs were conducted with K between 1 and 14 to establish the uppermost hierarchical 
structure. K ranged from 1 to n for the runs used for determining the substructure within 
sampling areas, where n was the number of locations in each sampling area. Five replicate 
runs were done for each K value. To obtain the most parsimonious objective estimate of the 
number of clusters within each area, the analysis did not include the prior information of 
sampling locations. The software Structure Harvester (Earl & VonHoldt 2012) was used to 
examine STRUCTURE’s output and to estimate numbers of clusters.  
Isolation by distance is defined as a decrease in genetic similarity between locations 
as the geographic distance between them increases (Jensen et al. 2005; Slatkin 1993). This 
was assessed with a Mantel test using the software “Isolation by Distance Web Service” 
(Jensen et al., 2005) by testing the correlations between Rousset's distance measure, FST /(1- 
FST ) (Rousset, 1997), and the linear geographic distances between locations within each area. 
The significance of the Mantel test was based on 10000 permutations.  
To assess level of dispersal in each study area we compared results from two different 
programs for detecting first generation migrants. As genetic differentiation between some of 
our sampling locations is low, the probability of “mis-assignment” is relatively high. 
GENECLASS 2.0 (Piry et al., 2004) was used, a Monte Carlo algorithm based on resampling 
1000 simulated individuals (C.I. = 95%) with the method of Paetkau et al. (2004). For each 
squirrel, the ratio of the likelihood that it comes from the location from which it was sampled 
(home) to the highest likelihood value that it comes from any of the other sampled locations 
was checked. BayesAss 1.3 (Wilson & Rannala, 2003) uses a Bayesian method to estimate 
recent migration rates and hybrids. This method assumes low levels of migration and is 
therefore more likely than GENECLASS to commit type 2 errors. Software default 
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parameters were used. Since it was extremely unlikely to find first generation migrants across 
sampling areas, each method was tested against type I errors by estimating numbers of 
migrants among sampling areas, excluding East Anglia. Significance levels are 5% 
throughout this study. 
2.3.5 Expansion rates 
Assessing rates of spread of squirrels in different areas was complicated by patchy data from 
several sources gathered by different methods. However, spread rates as assayed visually by 
examining range maps appeared very different among our areas. Population range expansion 
was therefore assessed while taking into account uncertainties, to illustrate that differences 
among regions are generally larger than uncertainties. For each area, four pieces of 
information were assembled. “Start” date and population range represented either a year and 
location a population originated in an area, or a year and a published range map for that year. 
“End” date and range were a year and a range estimate for a year after the start date.  Spread 
rate was calculated by measuring 4-6 radii in different directions connecting the start state 
and end population ranges, dividing by the time taken, and averaging. Selected directions 
were approximately evenly spaced across the directions of expansion, and were 
representative of the expansion. Maps, text, and details are in Figures A.2.1-A.2.4. 
Uncertainties were incorporated through uncertainties in dates and by retaining individual 
spread rate measurements in different directions.  
 
2.4 Results 
2.4.1 Genetic diversity  
The 12 loci had 111 alleles in total, each locus having 3 to 15 alleles, with a mean of 9.25 
alleles per locus. Locus SCV31 showed significant departure from Hardy-Weinberg 
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equilibrium after Bonferroni correction for multiple tests (heterozygote deficit; p= 0.0001) in 
one of the Irish locations (Drumbanagher, DR). This could be because of a sampling error  
Table 2.1 Locations, abbreviations, and average measures of grey squirrel genetic diversity for each 
sampled location at 12 microsatellite loci. P-values for FIS within samples (not shown) were based on 
3120 randomisations and after Bonferroni correction were all non-significant (5% level). PAr was 
computed for all populations other than EA by excluding EA, and for EA was computed using all 
populations. N= sample size, Na = Number of alleles, Ne= Effective number of alleles; HO = Observed 
Heterozygosity, HE = Expected Heterozygosity, Ar= allelic richness, PAr =Private allelic richness, FIS= 
inbreeding coefficient. 
 
due to small sample size or hidden genetic structure with the population. Analysis with 
MICRO-CHECKER did not reveal any significant null allele for SCV31 so the locus was 
included in subsequent analysis. No loci were found in linkage disequilibrium at P < 0.0007 
(the probability level required after Bonferroni correction). Across all loci no FIS values were 
significantly different from zero (Table 2.1). 
Measures of diversity, in general, were highest in the single population examined in 
East Anglia. In the three main areas, diversity was highest in Northumberland and lowest in 
Piedmont. All 12 loci were polymorphic but SCV13 was monomorphic within Piedmont.  
Locality ID Lat/Long N Na Ne HO HE Ar PAr FIS 
Piedmont    125 3.83 2.47 0.53 0.55 2.92 1.03 0.04 
Stupinigi  ST 54.80° 6.81° 19 3.33 2.35 0.57 0.52 2.89 0.12 -0.07 
Piobesi  P 54.64° 6.82° 6 2.75 2.06 0.43 0.44 2.75 0.04 0.11 
Borgo Cornalese BC 54.40° 6.60° 54 3.25 2.48 0.57 0.54 2.84 0.01 -0.04 
Racconigi R 54.31° 6.51° 32 3.17 2.18 0.46 0.48 2.63 0.11 0.06 
Cavallermaggiore CM 54.27° 6.39° 14 2.83 2.16 0.48 0.46 2.63 0.03 0.01 
           
Northern Ireland    122 5.42 2.93 0.54 0.57 3.52 1.2 0.05 
Derrynoyd Forest  DF 44.99° 7.60° 32 4.17 2.39 0.54 0.52 3.14 0.08 -0.03 
Drum Manor DM 44.94° 7.59° 20 4.17 2.86 0.57 0.56 3.49 0.09 0.02 
Loughgall Forest  LF 44.91° 7.73° 22 4.42 3 0.56 0.57 3.56 0.16 0.05 
Gosford  G 44.79° 7.65° 29 4.25 2.6 0.51 0.51 3.13 0.04 0.01 
Drumbanagher  DR 44.72° 7.68° 19 4.42 2.84 0.51 0.56 3.56 0.24 0.12 
           
Northumberland   38 6.25 3.64 0.64 0.66 4.3 1.68 0.04 
Briar Wood  BW 54.95° 2.32° 8 3.58 2.79 0.72 0.59 3.44 0.36 -0.15 
River Tyne 
Corridor 
RTC 55.00° 2.11° 10 4.67 3.17 0.63 0.61 3.99 0.47 0.02 
Morpeth M 55.17° 1.70° 20 5.42 3.37 0.62 0.65 4.11 1.06 0.06 
           
East Anglia  EA 52.19° 0.83° 30 6.17 3.95 0.77 0.71 4.54 0.87 -0.07 
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Figure 2.2 Structure analysis results based on 12 polymorphic microsatellites at two different 
hierarchical levels, country level (top) and regional level (bottom). Each squirrel is represented by a 
vertical line whose colour represents its proportional membership in different clusters. The 
population assignments at both levels were obtained using the most probable K values. 
 
Observed heterozygosity across all loci ranged from 0.43 (Piobesi, P, Piedmont) to 
0.72 (Briar Wood, BW, Northumberland) and 0.77 (East Anglia). Average allelic richness 
(Ar) per sampling location ranged from 2.63 in Cavallermaggiore (CM) and Racconigi (R), 
Piedmont, to 4.11 in Morpeth (M), Northumberland and 4.54 in East Anglia, and was 
minimal in Piedmont (2.92) and maximal in Northumberland (4.3) and East Anglia (Table 
2.1, Figure 2.3). Allelic richness is more sensitive to founder effects than heterozygosity 
(Dlugosch and Parker, 2008). Correspondingly, the proportional reduction of Ar from 
Northumberland to Piedmont is more severe than that of HE (Table 2.1, Figure 2.3).  
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Figure 2.3 Genetic diversity indicators estimated at 12 polymorphic loci and average spread rate 
(km/yr) compared across study areas. IT= Piedmont; NI= Northern Ireland; NU= Northumberland; 
EA= East Anglia. Error bars are standard errors except for spread rates, for which standard deviations 
are given instead because non-independence of spread rate estimates makes standard errors 
inappropriate. 
 
Measures of genetic diversity varied systematically within, as well as among sampling 
areas. In Piedmont the highest Ar was in the original release point (Stupinigi, ST), and Ar was 
also high in Borgo Cornalese (BC). In Northern Ireland the lowest Ar was in Derrynoid forest 
(DF), the northernmost of the locations and the furthest from the original release point, and in 
Gosford forest (G), a location that structure analysis indicated was isolated from the others 
(Figure 2.2). All other locations, however, showed comparable allelic richness. In 
Northumberland there was a gradient of increasing allelic richness from West to East (Briar 
Wood to Morpeth). The difference between Briar Wood and Morpeth was the highest 
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observed within a sampling area. Morpeth had the largest private allelic richness (1.06; four 
private alleles).  
2.4.2 Genetic differentiation 
Among study areas, the level of genetic differentiation, measured by pairwise FST values, was 
always significant after Bonferroni correction and ranged from 0.118 (East Anglia and 
Northumberland) to 0.264 (Northern Ireland and Piedmont) (Table 2.2).  
 
 Piedmont N.Ireland Northumberland 
N. Ireland  0.264*    
Northumberland  0.226* 0.204*   
East Anglia 0.170* 0.152* 0.118* 
      
Piedmont ST P BC R CM 
ST 0 6.2 14 22.8 31.1 
P 0.0257 0 11.6 16.9 25.5 
BC 0.0719* 0.0408* 0 14.5 21.3 
R 0.1187* 0.1045* 0.0575* 0 8.4 
CM 0.1488* 0.1441* 0.0378* 0.0514* 0 
      
N. Ireland DF DM LF G DR 
DF 0 18.4 47.3 59.9 65.3 
DM 0.0316* 0 31.1 42.8 48.5 
LF 0.0538* 0.0134 0 11.8 17.9 
G 0.0612* 0.0450* 0.0161* 0 6.4 
DR 0.0421* 0.0267* 0.0153 0.0327* 0 
     
Northumberland BW RTC M 
 
BW 0 14.8 47 
RTC 0.0159 0 32 
M 0.0719* 0.0479* 0 
Table 2.2 Pairwise Wrights FST values (below the diagonal) calculated from microsatellites data and 
geographic distances (above the diagonal, km) between study areas (top) and locations (bottom) for 
grey squirrel populations in Europe. Asterisks indicate Bonferroni-corrected statistical significance at 
the 5% level 
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Within study areas, genetic structure was most pronounced in Piedmont and was less 
pronounced in Northumberland and Northern Ireland. The highest levels of differentiation 
were in Piedmont (Table 2.2), where only the pairwise FST value between Stupinigi (ST) and 
Piobesi (P) was not significant. Other pairwise FST values ranged between 0.038 and 0.149. 
This suggests a high level of differentiation among sampling locations despite small founding 
size, close proximity and the recent introduction of squirrels to the region, and indicates some 
restriction in gene flow. In Northern Ireland, two comparisons were non-significant and other 
FST values ranged between 0.013 and 0.061. Likewise, level of differentiation was low in 
Northumberland (Table 2.2), suggesting that in Northern Ireland and Northumberland some 
gene flow occurs between locations.  
A hierarchical analysis of molecular variance (AMOVA; Excoffier et al., 2005) was 
used to assess the distribution of genetic variation at different hierarchical levels. Differences 
among study areas contributed 23% (P<0.01) of the variation but the highest amount of 
variation (71%, P<0.01) was attributed to differences within individuals (Table 2.3). Variance 
among locations within areas was low but still significant (4%, P<0.01). The East Anglia 
population was excluded from this analysis. 
 
Source of variation d.f. 
Sum of 
Squares 
Variance 
components 
% of 
variation 
Fixation 
Index  
P-
values 
Among sampling areas 2 385.058 1.043 23 Frt = 0.2280 <0.01 
Among locations within areas 10 110.732 0.183 4 Fsr = 0.0517 <0.01 
Among individuals within locations 272 940.694 0.110 2 Fis = 0.0328 <0.05 
Within individuals 285 923.000 3.239 71 Fit = 0.2920 <0.01 
Total 569 2359.484 4.574    
Table 2.3 Results of the analysis of hierarchical molecular variance (AMOVA) for squirrels across the 
invaded range in Europe. The East Anglia population was excluded from this analysis. 
 
STRUCTURE partitioned the pooled samples from the four study areas into four 
clusters (K = 4) which correspond to the four areas. Looking within each of the three main 
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areas, STRUCTURE indicated three genetic clusters in Piedmont, two in Northern Ireland 
and two in Northumberland (Figure 2.2; Table 2.4). In Piedmont, although the K=3 model 
was not supported by the highest ΔK value (Evanno et al. 2005), it had the absolute maximal 
posterior probability (mean LnP(K) across the five repeats), suggesting the likely presence of 
three genetically distinct groups. Adding sampling location information to the Structure 
analysis, the K=3 model was the most supported.  
      
% for each 
cluster   
N. of individuals assigned 
to each cluster 
  Location N 
Cluster 
1 
Cluster 
2 
Cluster 
3 
Cluster 
1 
Cluster 
2 
Cluster 
3 
Piedmont ST: 19 0.864 0.063 0.073 16 1 1 
 P: 6 0.635 0.061 0.304 4 0 2 
 BC: 54 0.245 0.233 0.522 13 13 28 
 R: 32 0.123 0.705 0.172 4 23 6 
 CM: 14 0.078 0.435 0.487 1 6 7 
N. Ireland DF: 32 0.768 0.232  25 7  
 DM: 20 0.727 0.273  15 5  
 LF:  22 0.408 0.592  9 13  
 G: 29 0.254 0.746  7 22  
 DR: 19 0.656 0.344  12 7  
Northumberland BW 8 0.967 0.033  8 0  
 RTC 10 0.872 0.128  9 1  
  M 20 0.217 0.783   4 16   
Table 2.4: Cluster distribution of the examined squirrels 
 
2.4.3 Dispersal and migration rates 
A Mantel test examining isolation by distance showed a strong and significant positive 
association of pairwise FST values with geographic distance (r = 0.839, p = 0.017) for the 
Italian locations, and a moderate and significant positive association (r = 0.669, p=0.031) for 
the Northern Ireland locations (Figure 2.4). The test was not done for Northumberland and 
East Anglia because there were too few locations. 
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  GENECLASS 2.0 BayesAss 1.3 
Habitat 
fragmentation 
2009 
 Nm F0 % Nm F0 % Seff 
Piedmont 11 8.8 14.4 11.5 10.17 
N. Ireland 18 14.5 32.5 26.6 9.3 
Northumberland 7 18.4 5.3 13.9 2.46 
Table 2.5 Absolute and relative number of grey squirrel migrants per generation in three European 
invaded regions  obtained with two different methods, compared with habitat fragmentation in each 
area (non-mountainous land areas only). Fragmentation data about Northumberland include the 
whole county and not just the examined River Tyne area; Seff for the study area would be higher and 
comparable with the values for Northern Ireland and Piedmont.  
 
All individuals were correctly assigned back to their sampling area by BayesAss 1.3 
and all but one were correctly assigned by GENECLASS 2.0, indicating the rate of type I 
errors is very low when populations are substantially differentiated. Migration among 
locations within a study area was generally found to be lower in Piedmont than in the other 
two main study areas. In Piedmont, percentage of first generation migrants (Nm F0, Table 
2.5) was estimated to range between 8.8% and 11.5% and the fraction of “not at home” 
individuals was lower in Piedmont than in the other study areas. On average Northern Ireland 
migration rate was estimated to be 14.8% by GENECLASS 2.0 and 26.6% by BayesAss 1.3. 
A higher rate of gene flow is supported by the low FST values measured across Northern 
Ireland. In Northumberland the two assessment methods calculated Nm F0 values 18.4% and 
13.9%.  However, the power to identify F0 immigrants is expected to be low when 
populations are little differentiated and sample sizes are small; these estimates should be 
treated with caution. In any case, migration rates for Ireland and Northumberland are higher 
than for Piedmont. 
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Figure 2.4 Isolation-by-distance assessment: scatter plot and linear interpolation of grey squirrel 
genetic distance versus Euclidean distance in Northern Ireland and Piedmont estimated through a 
Mantel test.  
 
2.4.4 Expansion rates                                                                                                                                                                                                                                                                                                                                                                                                                                       
Our findings indicate a relationship between founding events and expansion rates. In 
Piedmont, population spread rate is substantially slower (mean value of our estimates 0.60 
km/yr, maximum 1.05 km/yr) than for the English populations (Northumberland, mean 
estimate 8.25, minimum 5.78 km/yr; East Anglia, mean 5.70, minimum 3.57 km/yr), with an 
intermediate value for Ireland (mean 1.92, minimum 1.32, maximum 2.61). Differences 
among regions in spread rates eclipse uncertainties: the maximum for Piedmont was less than 
the minimum for Northern Ireland, and the maximum for Northern Ireland was less than the 
minimum for Northumberland and East Anglia. Figure 2.3 compares variation in rates to 
variation in genetic diversity.  
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2.5 Discussion 
Our analysis of the influence of propagule size on the genetic diversity, differentiation, gene 
flow and migration rates of grey squirrels in Europe contributes to our understanding of the 
mechanisms by which different founding events affect colonization success (Dlugosch & 
Parker, 2008a; Crawford & Whitney, 2010). Results show that genetic variation in four study 
areas varies in accordance with founder size, answering question 1 from the Introduction. 
This pattern is consistent even when founder size was as low as 4 or 12, and the genetic 
diversity might have been levelled out by genetic drift, bottlenecks, or natural selection. 
Multiple analyses indicate that significant levels of differentiation arise from the spread of 
single introduction events, answering question 2 from the Introduction. This indicates 
reduced squirrel movement, with reductions greatest in the areas with smallest founder size. 
Higher range expansion rates in genetically diverse areas should be linked to greater dispersal 
of individuals (Frankham et al. 2002), and our results support this conclusion. Our data 
suggest some of the steps by which founder size differences may translate into differences in 
expansion rate in the field. Although some results are limited by the small number of 
sampling areas, patterns are consistent across founder size, genetic diversity and 
differentiation, dispersal of individuals, and range expansion rate, and hence provide a basis 
to understand impacts of genetics and founding events on population range expansion, and 
can help guide future work.   
The observed positive effect of propagule pressure on the genetic variance of 
introduced species is not universal (Poulin et al., 2005; Myburgh et al., 2007; Le Roux et al., 
2008). In some cases, multiple releases can eventually give rise to lower genetic diversity if  
all introductions came from the same population or there was post-introduction selection 
(Tsutsui et al., 2000; Grapputo et al., 2005; Hardesty et al., 2012). In the present data, 
however, grey squirrels have proven to be highly sensitive to the size of introduction events. 
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Furthermore, the adaptive potential of genetically poor populations can be low and this makes 
squirrels more vulnerable and appears likely to help explain slower expansion rates of 
populations with lower diversity, and may have significantly contributed to the observed 20-
year lag phase in Piedmont. Grey squirrels in Italy and Ireland may be more vulnerable than 
in the UK to the effect of persistent control measures due to low adaptive potential caused by 
poor genetic diversity. 
Given the small founder sizes, current grey squirrel populations must have 
experienced substantial inbreeding, genetic drift and thus loss of genetic variation since their 
introductions. Consider, as an example, the Piedmont population, which had a founder size of 
N=4 in year 1948 (Martinoli et al., 2010). Using 2.5 years as a rough estimate of the 
generation interval, we obtain a number of generations since the introduction, 65/2.5=26. 
Assuming a constant growth rate r, the current inbreeding coefficient (equivalent to FST 
between the current Piedmont population and the large source population in America) would 
roughly be , where  gives the effective 
population size at generation i-1 (i=1,…,26). With a reasonable growth rate of r=0.2-0.5, 
current inbreeding coefficient would be F=0.54-0.32, and current expected heterozygosity 
would be reduced by this amount compared with that of the original source population. 
Unfortunately, we do not have data on the average heterozygosity of the American grey 
squirrel population at the 12 microsatellite loci and thus cannot check our predictions. 
However, if we take the variation of the East Anglia population (Table 2.1) as a lower limit 
of that of the American grey squirrel population, we get a reduction in heterozygosity of 
Piedmont population of 1-0.55/0.71=0.23, which is slightly higher than the prediction of 
0.54-0.32. It is highly likely that the East Anglia population has a lower variation than the 
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original American population, and the initial growth rate of Piedmont population is lower. 
Taking these two factors into account, our predictions fit well with the data. 
Our data have no direct implications for either the presence or absence of inbreeding 
depression. A proper investigation should involve the comparison of fitness (e.g. survival, 
reproductivity) between individuals of different inbreeding coefficients within a population, 
or the comparison of average fitness of populations at different inbreeding levels in the same 
environment. The presence of inbreeding depression does not by itself preclude the 
possibility of a fast growing inbred population, because the population could grow much 
faster without inbreeding and inbreeding depression.  
Differentiation levels, gene flow results, and observed isolation-by-distance patterns 
suggest that squirrels mostly move according to a stepping-stone model (Kimura & Weiss, 
1964), i.e., individuals go from habitat patches only to nearby patches; individual migrants 
seldom travel large distances. Under a mainland-island or source-sink model (Pulliam, 1988), 
migrants would go from a source population to one or more sink populations (which are only 
viable because of this migration). In this case, heterozygosity levels should be lower in the 
sinks and migration flow unidirectional; however, this scenario does not seem likely to 
describe our squirrel systems because we observed similar diversity and migration rates in all 
locations within a sampling area. Since population extinctions and successive recolonizations 
have not been described yet in our study areas, a metapopulation model (Hanski & Gilpin, 
1991) would not fit our case-study, either. Under an island model (Slatkin, 1981), migrants 
go from individual habitat patches equally to all other patches, so genetic isolation by 
distance is not predicted, but we observed isolation by distance. The stepping-stone model is 
most consistent with observed data. 
Grey squirrels have proven to be very successful invaders and able to start new 
populations worldwide even from few founders (Wood et al., 2007; Bertolino, 2009). This 
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may be explainable through exaptation or phenotypic plasticity, as well as through inbreeding 
avoidance as mentioned above. Our findings nevertheless show that genetic diversity, 
conditioned by founding events, still plays a role in spite of these other species advantages:  
genetic diversity can influence the ability of squirrels to spread quickly. Our method of 
measuring range expansion is simpler than those of Williamson & Brown (1986) and Okubo 
et al. (1989). The methods of those studies would be impossible to compute and compare 
across different colonization areas represented by different data sets. Data on population 
ranges in all areas are likely to be noisy because they are based on a combination of 
systematic surveys and public reporting. The differences among area in our estimates of 
spread rate are substantial enough, however, that they are unlikely to be due to errors in 
measurement. Furthermore, our results are in accordance with previous studies (Williamson 
et al., 1986; Tangney & Montgomery, 1995; O’Teangana et al., 2000), which estimated 
7.7km/yr in East Anglia and 1.94km/yr in Ireland.  
Our results have management implications, particularly for Italian grey squirrels. The 
invasion in Italy today may be comparable, as a threat to native species, to the invasion in 
England of the early 1900’s: distinct population nuclei are spreading but have not yet merged 
(Martinoli et al., 2010). Although the Piedmont population is currently expanding slowly, it 
seems likely that expansion rates will accelerate once the population meets nearby nuclei in 
Lombardy and Liguria and diversity increases. This possibility is particularly worrying 
because these populations are close to valleys in the European Alps through which rapid 
spread to the rest of Europe is possible (Bertolino et al., 2008). The effects of population 
mergers on genetic diversity and the subsequent effects on expansion should be considered in 
predictive models and squirrel management. Multiple nuclei should be sampled and their 
allelic compositions compared in the management of this and other invasions. Best practice  
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management should prioritise the prevention of mergers of genetically different populations, 
as well as preventing further releases into genetically depauperate areas.  
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3. Grey squirrels in central Italy: a new threat for the endemic red 
squirrel Sciurus vulgaris italicus2 
 
3.1 Abstract  
A new population of the invasive American Eastern grey squirrel (Sciurus carolinensis) has 
recently settled in central Italy from seven founders accidentally released in Perugia, Umbria 
in the early 2000s. The grey squirrel is known to compete with and exclude native red 
squirrels (S. vulgaris) in the British Isles and Northern Italy, so it represents a potentially 
important new conservation threat to the red squirrel subspecies of the Perugia area, S. 
vulgaris italicus, which is endemic to central Italy. The grey squirrel population range in 
Perugia is currently expanding at a rate of about 0.29 km/yr (standard deviation 0.19), slower 
than grey squirrel invasions elsewhere in Europe. Nuclear DNA analysed at 12 different 
microsatellite loci revealed that the grey squirrels in Perugia have extremely low genetic 
diversity, consistent with a small founder size. Genetic assignment tests indicate that the 
Perugia population was founded by translocations from an established population in 
Piedmont, Italy. No genetic substructure is evident yet in the Perugia population. These 
results together have serious consequences for the management of the grey squirrel invasion 
in Perugia and the conservation of the red squirrel subspecies S. vulgaris italicus: new 
releases in the area of grey squirrels, especially from sources other than the Piedmont 
population, should be prevented with high priority because such introductions could increase 
                                                 
2
 This chapter was submitted to Biological Invasions and a revision and resubmission were 
requested. A revised version will soon be prepared 
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genetic diversity, thereby potentially increasing population range expansion rate to the much 
higher levels seen for more diverse grey squirrels populations elsewhere in Europe. 
3.2 Introduction 
The global rate of biological invasions has increased dramatically in the last few centuries 
and the negative impact of these introductions on native ecosystems has long been recognised 
(Simberloff et al., 2012). Most invasions do not spread as a simple wave in a diffusion-like 
process from the initial introduction site. Instead, invaders usually radiate from multiple, 
separate foci arising either from multiple introductions from their native range or from long-
distance jumps of dispersal, often human mediated, from the first introduced population. 
These foci can differ greatly in size and ability to spread as a consequence of the sizes of their 
founding events, their dates of establishment, local environments, and stochastic events 
which are more extreme in small populations (Zeisset and Beebee 2003; Walker et al. 2003; 
Thulin et al. 2006). The spreading of the American Eastern grey squirrel (Sciurus 
carolinensis) in Europe is an archetype of this pattern. 
The grey squirrel  invasion in Europe, and especially in Great Britain, is one of the 
best documented cases of an invasion anywhere, and has been very rapid and damaging: the 
species is considered one of the most invasive species worldwide (Lowe et al., 2000). The 
grey squirrel is highly vagile and adaptable, and these facts, together with multiple 
introductions and translocations in Great Britain in the 19th and 20th centuries (Middleton 
1930, 1931), have contributed to the spread of the species in the United Kingdom. This rapid 
spread  throughout most of Britain (Lloyd, 1983; Reynolds, 1985; Tompkins et al., 2003) has 
allowed researchers to observe and begin to understand the mechanisms underlying invasive 
population spread (Rushton & Garson, 1995; Rushton et al., 1997, 2002) and the resulting 
displacement of the native red squirrel S. vulgaris (Gurnell et al. 2004), including aspects of 
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disease dynamics and invasion population genetics (Signorile. et al. in review a; Sainsbury et 
al. 2008) 
In Italy, grey squirrels were first introduced in 1948 in Turin, a population that is now 
spreading steadily and leading to red squirrel local extinctions (Wauters et al., 1997, 2002b; 
Wauters & Gurnell, 1999). Other grey squirrel population foci have also appeared in Genoa 
(Venturini et al., 2005) and, more recently, in several areas in Lombardy (Martinoli et al., 
2010). With the exception of a failed introduction in Rome (Bertolino & Genovesi, 2005), no 
mention of grey squirrels in the peninsular part of Italy has been reported except for the 
population in Perugia, Umbria, that we study here; that population sprang from an 
introduction that occurred at the beginning of the 2000s (Paoloni et al., 2010). Squirrels were 
accidentally released in a suburban wildlife park near Perugia and from there they have 
spread to the edge of the city and outward away from the city (Paoloni et al., 2012).  
An endemic subspecies of Eurasian red squirrel, S.vulgaris italicus Bonaparte, 1838, 
lives in Central Italy around Perugia (Toschi, 1965; Lurz et al., 2005). Although it is known 
that the range of S. v. italicus includes the north-central part of the Apennine Mountains 
(Toschi, 1965; Sidorowicz, 1971; Amori et al., 2008), the distribution of this red squirrel 
subspecies has never been clearly mapped and no data on its abundance are available.  
At the moment, red and grey squirrels are co-existing in the Perugia area, but grey 
squirrels have eventually excluded red squirrels in essentially all previous areas the two 
species have come into contact, so the presence of grey squirrels in Perugia represents a 
serious conservation threat for a poorly known red squirrel subspecies. In the longer term, the 
grey squirrel could cause the extinction of the red squirrel subspecies. Therefore 
understanding the spread of the new grey squirrel population and its mechanisms, the origin 
of the new population, its founding size, genetic structure, and the possible presence of 
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ecological and genetic constraints that could affect grey squirrels’ ability to spread in the new 
area is a priority for the conservation of S. v. italicus, and is the aim of this paper. 
3.3 Methods 
3.3.1 Study areas and sampling 
In 1999 seven grey squirrels were purchased from a pet retailer by a private wildlife park, 
near the city of Perugia. The squirrels were kept on display in wire cages outdoors, and at the 
beginning of the 2000s these animals were reported to have escaped. The wildlife park is 
located within the Site of Community Importance IT5210021, called “Monte Malbe” (Lat: 
43.133 Long: 12,367), west of the city of Perugia, Umbria. It is a 945 ha broadleaved area 
characterized by a mosaic of different vegetation patterns, dominated by holm oak (Quercus 
ilex) and other large-seeded deciduous trees such as chestnut (Castanea sativa).  
 
 
Figure 3.1 Map of grey squirrel trapping and survey effort in Monte Malbe, Perugia. Circled areas 
represent the positions of genotyped squirrels. 
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Samples for genetic analysis were collected from road kills and from live-trapping 
sessions scattered at locations within the Monte Malbe site: Ferro di Cavallo (FC), Fontana 
(FON), Fontana 1 (FON1), Olmo 1 (OLM), MonteMalbe 1 (MMA1), MonteMalbe 2 
(MMA2), and MonteMalbe 3 (MMA3) (Figure 3.1). Roadkills were collected throughout 
2010-2011. Live trapping was done from November 2011 to June 2012 using 10 ground-
placed Tomahawk traps (model 104, Tomahawk Live Trap Co.). Tissue samples were taken 
from the ear pinna and placed in an Eppendorf vial containing 95% ethanol and stored at 4 °C 
until DNA extraction. 
3.3.2 DNA extraction and genotyping 
DNA was collected from 25 animals. From each sample, about 5 mg of tissue were used to 
extract DNA according to the Wizard SV 96 Genomic DNA Purification System (Promega) 
protocol. Ten to twenty nmol/μL of DNA from each sample were amplified with 6 
microsatellite markers developed for Sciurus vulgaris, SCV1, SCV4, SCV6, SCV13, SCV18, 
SCV31 (Hale et al., 2001a), and 6 developed for S. niger, FO11, FO36, FO46, FO54, FO63 
(Fike & Rhodes, 2009), DFS27 (Lance et al., 2003), for a total of 12 loci. Multiplex set ups 
and DNA amplification by PCR were carried out as described in (Signorile et al., in review 
a), Table A.1, Appendices. Diluted PCR products were run with an ABI Prism 3130 Genetic 
Analyzer (Applied Biosystems) and alleles were scored with GeneMapper 4.0. To minimise 
genotyping errors, PCRs were repeated twice and positive and negative controls were added 
to the plate. 
3.3.3 Data analysis  
All genotypes were scored for deviations from Hardy-Weinberg equilibrium with a Fisher’s 
exact test as implemented in GENEPOP 4.1(Raymond & Rousset, 1995) (default parameters 
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were used). FSTAT for Windows (2.9.3.2) (Goudet, 1995) was used to test for pairwise 
linkage disequilibrium. This software runs the analysis using the Markov chain algorithm as 
implemented by Raymond and Rousset (1995) and automatically gives the adjusted P-value 
for the 5% nominal level after Bonferroni correction. MICRO-CHECKER 2.2.3 (van 
Oosterhout et al., 2004) was used to assess if there was any evidence for allelic drop-outs, 
null alleles or stuttering. Mean number of alleles and inbreeding coefficient (FIS) values were 
calculated and tested for significance with Genetix 4.05 (Belkhir et al., 2004). 
 STRUCTURE 2.3.4 (Pritchard et al., 2000) was used to assess if there was any 
substructure in the Perugia population. This software assigns individuals to clusters using a 
Bayesian approach. A Burn-in period discarding 25,000 Markov Chain Monte Carlo steps 
from each run was selected, followed by a chain of length 50,000 that was used. An 
admixture model with correlated allelic frequencies was chosen, with 5 iterations for each K.  
Assignment tests were run with Oncor (Kalinowski et al., 2008). This software uses 
use a partial Bayesian method derived from the exclusion method of Rannala and Mountain 
(1997). It estimates the proportion of source populations as a prior while performing 
assignments, rather than assuming that prior probabilities of assignment are equal among 
samples. Mixture proportions are estimated with the algorithm implemented by Millar (1987) 
which uses conditional maximum likelihood. 95% CI were estimated with 100000 bootstraps. 
A baseline composed of 338 individuals clustered in 5 populations from North and East 
England, Northern Ireland and Piedmont, Italy (Signorile et al., in review a) plus a population 
from the USA (Table 3.1) was used for the exclusions.  
FSTAT was also used to calculate the genetic distance (FST) of Perugia squirrels from 
the putative populations in the database, as implemented by Weir and Cockerham (1984).  
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3.3.4 Squirrel spread surveys 
Data on squirrel presence and spread was collected from 2010 through 2012 with point 
transects and hair tubes scattered across Monte Malbe. The position of each point transect 
(Fig. 3.1) was opportunistically chosen to maximize visibility in this very close and dense 
canopy, but also selecting spots were the composition of the arboreal vegetation was 
representative of the whole area. In each sampling location three different observations of 30 
minutes each were carried out in different seasons during squirrels’ peak activity times (early 
morning and late afternoon in springtime and summer, midday in autumn and winter). 
Further records were collected from citizens, park-owners, roadkills and occasional sightings 
and their position georeferenced. All the point transect observations were carried out by one 
of the authors (DP) and a trained field worker. All the other observations were verified by 
DP. Since the study area has high density tree growth, very poor visibility, and difficult 
terrain, distance sampling or other visual methods of assessing squirrel density could not be 
carried out.  
Location Lat/Long N 
Piedmont  125 
Stupinigi  54.80° 6.81° 19 
Piobesi  54.64° 6.82° 6 
Borgo Cornalese 54.40° 6.60° 54 
Racconigi 54.31° 6.51° 32 
Cavallermaggiore 54.27° 6.39° 14 
Northern Ireland  122 
Derrynoyd Forest  44.99° 7.60° 32 
Drum Manor 44.94° 7.59° 20 
Loughgall Forest 44.91° 7.73° 22 
Gosford  44.79° 7.65° 29 
Drumbanagher  44.72° 7.68° 19 
Northumberland  38 
Briar Wood  54.95° 2.32° 8 
River Tyne Corridor 55.00° 2.11° 10 
Morpeth 55.17° 1.70° 20 
East Anglia 52.19° 0.83° 30 
West Virginia 39.00° -80.23° 23 
Table 3.1 Population origins and numbers of individuals in the reference database used to 
investigate the source of the new grey squirrel population in Perugia. 
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Approximate squirrel spread rate since the release date was estimated, with uncertainties, 
by a simple method. The method measured maximum linear expansions from the release 
point in the main compass directions (Figure 3.2). The eight distances were computed and 
two possible starting dates were used (2000 and 2003) to take into account uncertainties in 
the release time. Each distance was divided by the minimum and maximum Δt. The 16 
individual estimates were averaged to get the point estimate of spread rate, but the individual 
measurements were retained as a measure of uncertainty.  
 
Figure 3.2 Spatial distribution of red and grey squirrels in the urban and sub-urban area of Perugia 
and distances from the release point along the main directions of the compass. Squirrel records 
include trappings, sightings, and road kills from all years data were gathered (2010-2012)  
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3.4 Results  
3.4.1 Genetic diversity and assignment tests 
Across the 25 examined samples two loci (SCV4 and SCV13) were monomorphic, while 
DSF27 was monomorphic for all but one heterozygotic individual (PG22). The three markers 
were therefore kept to calculate genetic diversity and for the assignment tests but excluded 
from the rest of the analysis. No evidence of deviation from Hardy-Weinberg equilibrium, 
linkage disequilibrium, allelic drop-outs, null alleles or stuttering was found for the Perugia 
population. The FIS value was -0.023 (95% confidence intervals -0.163 to 0.078) so the 
inbreeding coefficient was not significant. Mean number of alleles, averaged across all loci, 
was 2.17 ± 0.21, whereas the effective number of alleles (Ne) was 1.71 ± 0.16. Unbiased 
expected heterozygosity was 0.35 ± 0.067. The confidence intervals presented here and 
throughout the paper are 95% ranges. 
STRUCTURE analysis showed no clear evidence of substructure across the different 
sampling locations. The assignment tests attributed all the individuals from Perugia to the 
population in Piedmont (Signorile et al., in review a) and the population on the whole was 
attributed to Piedmont with a 100% probability. The genetic distance (FST) from the Piedmont 
population was relatively low but still significant, with a value of 0.162 (p<0.001) (Table 
3.2). This was expected since allelic frequencies can vary greatly as a consequence of 
bottlenecks and genetic drift after a translocation event.  
Region Genetic distance (FST) 
Piedmont 0.1620*** 
Northern Ireland 0.3021*** 
Northumberland 0.3134*** 
East Anglia 0.2516*** 
West Virginia 0.2611*** 
Table 3.2 Genetic distances between grey squirrels in Perugia and other populations. Stars indicate 
significance at a 95% confidence level. 
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3.4.2 Grey squirrel expansion in Umbria 
The mean spread rate was 0.29 km/yr, with the 16 estimates ranging from 0.09 km/yr to 0.79 
km/yr. The standard deviation of the 16 estimates was 0.19 km/yr, and the standard error of 
the mean spread rate estimate was 0.05 km/yr.  
3.4.3 Red squirrels survival 
From visual surveys, road-killing and trapping data it appears that red squirrels are still 
present in the area (Figure 3.2), but no data on their past or present abundance are available. 
During the capture sessions in the years 2011-2012, however, the capture ratio of red to greys 
was 1:8 (10 captured reds versus 77 greys). Given the lack of information on red squirrel 
demography it was not possible to establish if this indicates that red squirrel density is 
currently decreasing. 
 
3.5 Discussion 
3.5.1 Genetic diversity and spread 
Our data demonstrate that genetic diversity of grey squirrels in Umbria is very low following 
the severe bottleneck imposed when a few individuals were introduced from Piedmont, an 
area where genetic diversity was already low (Signorile et al., in review a). Successful 
invasions often come from large founder sizes or multiple introductions, and have greater 
diversity; low adaptive potential typically makes populations of low genetic diversity more 
vulnerable to stochastic events and less likely to successfully invade. The invasiveness 
demonstrated by grey squirrels in Umbria therefore may be unexpected. The success of the 
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invasion in spite of the genetic disadvantage of the population demonstrates the overall 
ability of the species as an invader in Europe.    
Although the population in Perugia has established and is spreading, the spread is 
slow in comparison with other populations in Europe. Low genetic diversity is the most 
probable explanation for the slowness. Average spread rate in Piedmont was estimated to be 
about 0.6 km/yr. For Northumberland, England it was 8.25 km/yr. For East Anglia, England, 
it was 5.7 km/yr, and for Northern Ireland it was 1.92 km/yr (Signorile et al., in review a). 
Earlier studies (Williamson et al., 1986; Tangney & Montgomery, 1995; O’Teangana et al., 
2000) estimated 7.7 km/yr in East Anglia and 1.94 km/yr in Ireland, similar values. These are 
all markedly higher than our spread rate estimate for Perugia, 0.29 km/yr. The spread rates 
listed here are consistent with the explanation that genetic diversity is negatively correlated 
with population spread rate (Signorile et al., in review a). Although spread rate in Perugia is 
slow, ecological factors appear to be entirely in favour of rapid spread. The largely 
unfragmented forests surrounding Perugia, dominated by large-seeded deciduous trees, are an 
ideal habitat for an arboreal species native to the forests of the Eastern USA were oaks, 
walnuts, hickory and beeches are abundant (Koprowski, 1994).      
3.5.2 Ecological issues  
Umbria is covered by extensive and largely unfragmented secondary forests for over 60% of 
its territory  (Regione Umbria et al. 2009). Therefore, grey squirrels have the potential to 
spread dramatically. From Umbria, squirrels may well move freely northwards and 
southwards along the Apennine mountains to occupy the whole Italian peninsula. This is the 
first time that grey squirrels have occupied an extensive, continuous, forested area in 
continental Europe. Although grey squirrel spread is currently slow, ecological consequences 
could be serious in the long term or in the shorter term if spread rate increases.  
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Although red and grey squirrels are sympatric at present, it is unlikely the peninsular 
woodlands will be able to indefinitely support both species. Competitive exclusion 
mechanisms (Wauters & Gurnell, 1999) could already be acting on the red squirrel 
population, and the effects could become evident in the next few years. If this proves to be 
the case, the presence of the grey squirrel will lead to local extinctions of red squirrels. This 
might fragment red squirrel populations and reduce gene flow across suitable areas, starting a 
feedback cycle that is likely, based on exclusions seen elsewhere in Europe, to end with the 
extinction of red squirrels from Italy. Red squirrels have been shown in prior research to be 
susceptible to gene flow reductions: small, isolated populations quickly loose genetic 
variation and this reduces their chances of survival (Wauters et al. 1994; Hale et al. 2001; 
Trizio et al. 2005). S.v. italicus , in particular, has also proven to be susceptible to the amount 
of available forest cover (Mortelliti et al., 2011). Distribution, abundance and feeding habits 
of this subspecies are poorly known.  
In the south of peninsular Italy, in Calabria, is found another endemic red squirrel 
subspecies, S. v meridionalis. This subspecies is genetically very distinct from S. v. italicus 
(Amori et al., 2008; Grill et al., 2009). If grey squirrels should spread that far, S. v 
meridionalis would likely be threatened as well.  
The single squirrel seen at distance 7.13 km from the release site (Figure 3.2) may 
have come from a human-mediated dispersal event from the main population centre West of 
the city, or it may have been part of a natural spread through a green belt north of the city. No 
evidence of human-mediated dispersal is available, but it may still have occurred. On the 
other hand, the green belt connects the location with Monte Malbe in a continuous arc of 
suitable habitat. Future work should include sampling north of the city in the green belt. 
The distribution of grey squirrel sightings (Figure 3.2) seems to suggest that the 
motorway RA06 has been a barrier to southward grey squirrel expansion. But because a few 
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squirrels have recently been seen south of the road, the barrier appears to recently have been 
traversed. The section of the motorway closest to the release point is surface highway, but 
nearby sections are bridges or tunnels, which provide reduced or no barrier. Faster expansion 
south may be expected in the next several years now that the motorway barrier has been 
passed. 
3.5.3 Conservation priorities 
New releases that increase genetic diversity and spread rate are not unlikely given current 
legislation and enforcement. Grey squirrels were included in 2012 in Annex B of European 
Community Regulation 338/97, and this should prevent further imports from the species’ 
natural range. However, the grey squirrels released in Perugia and purchased from the pet 
trade were taken from Piedmont, another Italian location. Grey squirrel live-captures for any 
purpose other than scientific studies are strictly regulated in Italy by law 157/92. Squirrels in 
the pet trade circuit can therefore come from other Italian locations only through an initial 
illegal poaching act, and it cannot be ruled out that this could happen again. Several 
conservation actions should be prioritized in light of our results. 
The existing grey squirrel population in Perugia should be eradicated. If eradication is 
not possible because of the human dimension involved in this issue, the recent EU Regulation 
757/2012 and the Legislative decree 24/12/2012 signed by the Italian government are steps in 
the right direction - these laws are aimed at forbidding the grey squirrel pet trade, releases in 
the wild, and import. Citizens should be educated about the ecological risks of buying, 
moving or releasing exotic species. 
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4. The historical spread of American grey squirrels in the UK: genetic 
variation supports multiple translocations over a single expansion 
event. 
 
4.1 Abstract 
Understanding whether introduced sub-populations remain isolated or become merged is 
fundamental to understanding changes in the genetic diversity and the invasive potential of 
alien species. In this study we examine the role of human mediated dispersal in shaping the 
current distribution and genetic structure of eastern grey squirrel populations in the UK. We 
assess two potential dispersal processes that could have arisen from multiple introductions: 1) 
the large-scale expansion of homogeneous populations formed from the merger of smaller 
introduced propagules, or 2) an expansion facilitated by repeated translocations to new 
locations, leading to the establishment of subpopulations that have expanded to fill the gaps. 
While these processes may appear similar when population spread is mapped over time, they 
differ fundamentally in genetic structures and expansion potential. Here we examine patterns 
in genetic variation using multilocus genotypes at 12 polymorphic microsatellite loci sampled 
from 13 modern subpopulations, one historic and another from the native range. Despite the 
fact that there were at least 7 introductions and more than 20 UK-based translocations 
reported in historical records, the native American population had higher genetic diversity 
than any modern or even past populations in Britain. More importantly, the current UK 
population structure resembles a population mosaic with each element reflecting the genetic 
make-up of the original introduction, with minimal inter-population mixing. Inbreeding 
coefficients are high on average and effective population sizes small. This supports the 
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conclusion that the rapid and wide scale expansion of the species in the UK was largely 
promoted by repeated and deliberate translocations, rather than the merger of subpopulations 
leading to a large expansion front. Our findings highlight the lingering impact of founder 
population events in shaping genetic diversity of invasive species despite apparent and 
extensive spread, and have wider implications for understanding this phenomenon. 
 
4.2 Introduction 
The introduction history of an invasive species is a key factor for its establishment success. 
Several combined factors such as population size, bottleneck effects, expansion mechanisms 
in the new range, genetic diversity and structure of the source population can determine the 
demographic and genetic history of the species in its new range and its impact and rate of 
spread once established. The release of a few individuals of an alien species in a new area 
leads sometimes to what some authors call a ‘genetic paradox’, that is the ability of the 
introduced population, expected to have low genetic diversity and low fitness, to become 
invasive (Frankham, 2005; Roman & Darling, 2007). Recent work  has shown that the 
genetic paradox can be explained by the joining of multiple introductions that lead to 
increased diversity compared to the source population (Lockwood et al., 2005, 2009; 
Simberloff, 2009), as is for example the case for ladybirds introduced in the USA (Kajita et 
al., 2012) or the anole lizards in Florida (Kolbe et al., 2004). The lizards in the invaded area 
showed higher genetic diversity than lizards in their native range following the merging and 
interbreeding of at least eight introductions, thus explaining higher genetic diversity and 
outstanding invasion success.  
Genetic diversity in introduced populations is shaped by opposing processes. Founder 
effects, stochastic extinctions of local sub-populations and genetic drift will lead to a 
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reduction of genetic diversity over time. Multiple introduction events on the other hand have 
the potential to increase diversity if populations mix at a later stage (Genton et al., 2005; 
Lockwood et al., 2005; Lavergne & Molofsky, 2007). Documenting changes in population 
genetic diversity and structure over the course of expansion events is therefore vital to our 
understanding of this phenomenon.  
Genetic data combined with other information such as demography and historical 
records can be used to investigate the causes/mechanisms of the spreading of an invasive 
species (Suarez et al., 2001; Wilson et al., 2009). Biological and ethological characteristics 
such as panmixia in the native source, reproductive strategies, ability to overcome ecological 
barriers or propensity for human-mediated dispersal, for example, may influence the 
admixing processes, and therefore the invasiveness, of introduced populations (Zhan et al., 
2012).  
In the British Islands, the American Eastern Grey Squirrel (Sciurus carolinensis) 
(henceforth called “grey squirrel”) was once considered “an attractive and valuable addition 
to our fauna” (Boyd-Watt, 1923b). In the British Isles there have been multiple introductions 
from the native range, natural spread and translocations. The history of grey squirrel 
introductions prior to 1930 was recorded by Middleton (1930, 1931). He listed a minimum of 
seven different introductions from North America, ten translocation from previously 
established introduced populations in Great Britain and 12 introductions or translocations 
from unknown sources (Tables 4.1 and A.3 in Appendices). The most important introduction, 
according to Middleton, occurred in 1890 when 10 grey squirrels imported from New Jersey 
were given to the Duke of Bedford and released at Woburn Abbey, Bedfordshire. The Duke 
also released some individuals from Woburn in the Zoological Gardens in London from 
where they spread to London's urban parks. More Woburn squirrels were later distributed as 
gifts across the UK and Ireland. Therefore, and according to Middleton’s reports, from the 
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Woburn population sprang a minimum of seven new propagules, but no systematic 
documentation was kept of the squirrels sent to other parts of the country. To complicate 
matters, individuals were translocated from these secondary introductions to new 
destinations.  
Throughout the 1930s,  Middleton (1931, 1935; Parsons & Middleton 1937) identified 
three main expanding nuclei in the UK, in the Midlands, Cheshire and Yorkshire. In the 
1950s Shorten (1954, 1957) recorded the expansion and merging of these three foci and 
reported three more expanding nuclei in Scotland. Watt (1923) documented the first stages of 
squirrel expansion in Ireland from one long-distance jump from Woburn (Table A.4 in 
Appendices). At present grey squirrels have spread to occupy all of England (Lloyd, 1983; 
Usher et al., 1992), most of Scotland with the exception of part of the Highlands (Bryce, 
1997) and all Ireland east of the river Shannon, with some nuclei on the west (Carey et al., 
2007; McGoldrick, 2011). 
Grey squirrels in the British Isles provide therefore a unique opportunity to examine how 
multiple introductions of few individuals and long-distance, human-mediated movements 
shape the genetic diversity and structure of an invasive species across large spatial scales. In 
this paper we (i) combine multilocus genotype data with demographic and historical records 
to track back the source and founder size of different introduced populations; (ii) analyse 
patterns of genetic variation of descended and historical source populations; and (iii) examine 
key demographic factors such as number of founders, effective population size and migration 
rates to explain the existence and the causes of genetic population structure. We then use 
these analyses to assess the importance of two possible process leading to grey squirrel 
expansion in the UK 1) that it is largely driven by the continuous expansion of homogeneous 
populations from the merger of multiple introductions, leading to a few large scale expansion 
fronts or  2) that it is driven to a large extent by multiple long-distance human-mediated 
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dispersal events which expanded at smaller scales across the UK, resulting in a fast expansion 
and persistent clustering genotypes at a larger scale. We assess these two processes and then 
discuss implications for future management. 
4.3 Methods 
4.3.1 Sampling and genotyping 
Eleven skin fragments dating back 1921-22 stored at the NHM London were used as control 
samples representing the historical population from Woburn Abbey three decades after it was 
introduced (Table A.3 in Appendices). Two more samples from brain fragments of squirrels 
from the Kew Gardens (London) dating 1913 were added to this collection (Table A.3). DNA 
samples from modern populations were obtained from control schemes in 2011. Modern 
populations were selected on the basis of presence of squirrel control schemes and proximity 
to at least one of the original release sites from Woburn according to Middleton’s (1931) 
report. These include populations from the park in Woburn Abbey (abbreviated as WA or 
OW, modern or historical population respectively ), where a release in 1890 occurred; 
Burnham Beeches (BB), Buckinghamshire (reported by Boyd-Watt (1923) as a squirrel 
“stronghold”); Whytham Woods (OX), Oxfordshire; New Forest (NEW), Hampshire; 
National Forest (NF), Staffordshire; Delamere Forest (DE), Cheshire; Clocaenog (W), 
Denbighshire; Sand Hutton (Y), Yorkshire; Tallanstown (LI), Co. Louth, Republic of Ireland 
(Figure 4.1, Table 4.2). In addition, four more locations from Cambridgeshire (CA), Surrey 
(S), Cornwall (C) and Northamptonshire (NA) (Table 4.1) were included in the analysis, 
either for their proximity to Woburn or because they were attributed to Woburn or to one of 
the populations springing from this location by genetic marker data. A population from West 
Virginia (WV), USA (part of its native range) was used for comparison in some of the 
analyses. 
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Table 4.1 Forests, Counties, geographic position, number of individual grey squirrels sampled for this study, and genetic parameters for each of the sampled 
populations. HE, expected heterozygosity; Ho, observed heterozygosity; P-val, p values for the Hardy-Weinberg exact test for heterozygote deficiency, 
considered significant after Bonferroni correction with an adjusted nominal level of 0.0003 (5%), Fis, inbreeding coefficient, Ar, Allelic richness, Ar SE, Allelic 
richness standard error, P Ar, Private allele richness, Fst, fixation index, pairwise differentiation from OW. † Modern populations attributed to WA gene pool 
by assignment tests but not mentioned in historical sources; ‡Population from the native range. 
Code location County Lat Long N HE HO P-val Fis  Fis p-val Ar Ar SE P Ar FST 
OW Woburn Abbey Bedfordshire 51.983 -0.591 13 0.7674 0.6807 0.0012 0.119 0.0026 5.2 0.4099 0.39 0 
WA Woburn Abbey Bedfordshire 51.983 -0.591 30 0.7629 0.7411 0.1047 0.029 0.13 5.15 0.2898 0.18 0.0502* 
BB Burnham Beeches Buckinghamshire 51.563 -0.629 25 0.7493 0.7233 0.0317 0.036 0.1193 4.82 0.3292 0.21 0.0572* 
Y Sand Hutton Yorkshire 54.010 -0.937 30 0.7411 0.7087 0.0063 0.044 0.049 4.83 0.3118 0.2 0.0732* 
CA † Fulbourn Cambridgeshire 52.179 0.226 30 0.7303 0.6675 0.0251 0.087 0.0023 4.61 0.4020 0.11 0.0838* 
OX Wytham Woods Oxfordshire 51.775 -1.336 30 0.7303 0.6675 0.0017 0.087 0.0023 4.61 0.4020 0.11 0.0838* 
S † Alice Holt Station Surrey 51.179 -0.852 30 0.7173 0.6403 0.0000* 0.109 0.0005 4.55 0.3491 0.01 0.0457* 
C † Cardinham Woods Cornwall 50.484 -4.667 15 0.7092 0.6722 0.2138 0.054 0.0953 4.45 0.3293 0.01 0.0721* 
DE Delamere Forest Cheshire 53.248 -2.680 30 0.7085 0.7373 0.9452 -0.041 0.9146 4.32 0.4043 0.1 0.1091* 
NA † Hazelborough For. Northamptons 52.046 -1.065 30 0.6915 0.6150 0.0000* 0.112 0.0003* 4.44 0.3294 0.04 0.1139* 
W Clocaenog Denbighshire 53.067 -3.424 30 0.6692 0.6749 0.4820 -0.009 0.6172 4.13 0.3564 0.08 0.1235* 
NF National Forest Staffordshire 52.774 -1.983 7 0.6599 0.6012 0.1383 0.096 0.0565 4.37 0.3693 0.02 0.1148 
NEW New Forest Hampshire 50.888 -1.586 56 0.6348 0.5698 0.0001* 0.104 0.001 3.98 0.4120 0.04 0.1042* 
LI Tallanstown Louth, Ireland 53.920 -6.547 30 0.5849 0.5450 0.2521 0.071 0.0299 3.55 0.3683 0.08 0.186* 
WV ‡ Buckhannon West Virginia, US 38.973 -80.348 23 0.7910 0.7174 0.0001* 0.095 0.0005 5.96 0.5278 0.56 0.0216 
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Tissue samples were collected from ear tips of individuals in modern populations. 
DNA was extracted from 5-6 mg of tissue using a Wizard SV 96 Genomic DNA Purification  
 
Figure 4.1 Grey squirrel modern populations (red dots) were selected for genetic analysis as close as 
possible to the introductions noted in the historical records (Middleton 1931). Squares represent 
known introductions from the Woburn Abbey gene pool, triangles other introductions from America 
or translocations of unknown origin. 
 
System (Promega) according to the manufacturers’ protocols. Museum samples were 
obtained from <10 mg skin or brain tissue and  DNA was extracted with QIAamp DNA 
Micro Kit (QIAGEN) using the manufacturer’s tissue protocol with the following 
modifications (Irestedt et al. 2006): volumes of ATL buffer and Protease K were doubled and 
to the extraction mixture 25 mM DTT were added. After overnight incubation a double 
volume of buffer AL at 70ºC was added and the mixture incubated for 10 minutes. A double 
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volume of ethanol was then added to the extraction mixture. All extractions were performed 
in a room dedicated to ancient DNA.  
Twelve microsatellite markers were selected on the base of their capacity to amplify 
S. carolinensis DNA, their polymorphism and the absence of genotyping errors such as 
stuttering and allelic drop-out (Signorile et al., in review a). The selected primers were: 
SCV1, SCV4, SCV6, SCV13, SCV18, SCV31 (Hale et al. 2001), developed for Sciurus 
vulgaris,  FO11, FO36, FO46, FO54, FO63 (Fike and Rhodes 2009), developed for Sciurus 
Niger and DFS27 (Lance et al., 2003) developed for S. niger cinereus.  
The 12 primers were arranged in three multiplexes (Table A.1, Appendices) and PCR 
reaction mixtures consisted of 4 μL of  Multiplex PCR Kit (QIAGEN), 10-20 ng of template 
DNA and 1 μL of the chosen primer mix (each primer concentration was 2 μM). Three 
different thermal cycles were used for the three multiplex: one with 15 cycles at 60º C 
followed by 15 cycles at 58ºC, one with 15 cycles at 54ºC followed by 15 cycles at 52ºC and 
one with 35 cycles at 58ºC. Diluted PCR products were run with an ABI Prism 3100 Genetic 
Analyzer (Applied Biosystems). Alleles were scored with GeneMapper 3.5. To reduce 
genotyping errors, all genotypes were repeated at least twice and positive and negative 
controls were added to each PCR plate.  
4.3.2 Statistical analysis 
FSTAT for Windows (2.9.3.2) (Goudet, 1995) and GENEPOP 4.1 (Raymond & Rousset, 
1995) were used to test for deviations from Hardy-Weinberg equilibrium and linkage 
equilibrium, and to calculate population differentiations and F-statistics. All significance 
levels for multiple testing were adjusted for type I errors using the Bonferroni correction with 
nominal significance 5%. Values of observed and expected heterozygosity were assessed 
with  the Excel Microsatellite Toolkit (Park, 2001). Allelic richness (Ar) and allelic richness 
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of private alleles (PAr) were estimated through rarefaction analysis with HP-RARE 1.1 
(Kalinowski, 2005). Assignment tests were conducted using the partial Bayesian approach 
implemented by ONCOR (Kalinowski et al., 2008) to determine if  Woburn was the source of 
a given population. A baseline of 1418 individuals sampled from 57 populations 
encompassing all the European introduced range (Britain, Scotland, Ireland and Italy) was 
used as a reference. This baseline will be further described in Chapter 5.  
The generation time and effective size (Ne) of a population with overlapping 
generations were estimated by the software GONe 1.03 (Coombs et al., 2012) with Jorde & 
Ryman (2007) unbiased estimator. We set three age classes. The first has a 25% survival and 
no reproduction for each sex. The second has a 80% survival of females and 70% survival of 
males, with all the surviving individuals reproducing. The third has a 50% survival of both 
males and females and all the surviving individuals reproducing (data were inferred from 
Shorten 1954; Gurnell 1987; Okubo, A. et al. 1989; Koprowski 1994). Effective population 
size and average migration rate were estimated using the temporal method implemented in 
the software MLNE (Wang & Whitlock, 2003), and recent migration rates were also 
estimated by the Bayesian assignment method implemented in BayesAss 1.3 (Wilson & 
Rannala, 2003). STRUCTURE 2.3.4 (Pritchard et al., 2000) was used to assign individuals to 
clusters using a Bayesian approach. A Burn-in period of 25,000 Markov chain Monte Carlo 
steps was selected, followed by a chain of length 100,000. An admixture model with 
correlated allelic frequencies was chosen, with 5 iterations for each K. Isolation by distance 
was assessed with a Mantel test using the online software “Isolation by Distance Web 
Service” (Jensen et al., 2005) by testing the correlations between Rousset's distance measure, 
FST /(1- FST ) (Rousset, 1997), and the linear geographic distances between sampled areas. 
The significance of the test was based on 10000 permutations.  
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The current inbreeding coefficient of each population derived from Woburn was 
calculated by 

 
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11 , where G is the number of generations since the 
population was sampled from Woburn back in 1921-22, N is the (effective) founder size, r is 
the growth rate. Generation time was estimated with GONE 1.03 as described above from the 
life traits of the species, r was assumed to be constant over time and estimated from literature 
data as 0.82 (Okubo et al., 1989). Given F, the proportional loss of heterozygosity since 
introduction is thus 1-F. 
 
4.4 Results 
In total, 381 samples from 14 modern populations and one historic population were examined 
at 12 polymorphic microsatellite loci (Table 4.1; Figure 4.1). Three British populations (S, 
NEW, NA) and the population from the native range in the US showed significant deficiency 
in heterozygosity after Bonferroni correction (p < 0.0003).  Two loci (SCV6 and SCV31) 
were in linkage disequilibrium in populations Y, DE and WA, (p<0.00005). Attribution tests 
were performed to identify the origin of some populations not indicated by Middleton as 
being derived from Woburn (Table A.7.2). The population in Cornwall (C) was mostly a 
mixture of genotypes from OX, WA and NA; Northampton (NA) mostly matched with 
Oxfordshire, where the squirrel population is a secondary introduction from Woburn. The 
population in Cambridgeshire (CA) was attributed to populations in East Anglia. When the 
East Anglian populations were removed from the baseline to find matches with the founders 
of  the East Anglian grey squirrels, 79.3% the samples from CA were considered best or 
second best matches with the Woburn population, confirming the origin of the recent 
eastwards expansion described by Reynolds (1985) (Table A.5, Figure 4.2). The presence of 
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melanistic grey, or 'black' squirrels in Cambridgeshire, introduced in Woburn before 1930 
(Shorten, 1954) further indicates the origin of this population. It cannot be excluded, 
however, that other man-mediated translocations occurred in East Anglia, explaining the 
matches with some of the northern genotypes. The populations in Surrey (Alice Holt Station) 
and Buckinghamshire (Burnham Beeches) are admixtures of the old and recent populations in 
Woburn, with some individuals attributed to the American population, possibly an indication 
of admixture with further introductions from the US (Table A.5).  
 
 
Figure 4.2 The average proportion of membership for the nine clusters identified by STRUCTURE, for 
each of the analysed populations. Each cluster is represented by a different colour. In the diagram 
above each line represents an individual. See Figure 4.1 and Table A.4 for the locations and names of 
the sampling sites. 
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The population from the USA (WV) had the highest allelic richness (5.96) and private allelic 
richness (0.56). Compared with the historical and current Woburn populations (OW and WA 
respectively), all of the other populations from the British Islands had a lower allelic richness. 
Comparing the historic population from 1922 and current  Woburn populations (2011), the 
historic population had a similar allelic richness (5.2±0.41) but higher private allelic richness 
(0.39) (5.15±0.29 and 0.18 respectively). The isolated Irish population had the lowest genetic 
diversity in terms of heterozygosity and allelic richness (Table 4.1), showing a 32% allelic 
loss and a 24% loss in heterozygosity. The loss in genetic diversity and heterozygosity 
between the USA and the Woburn 1922 population, on the other hand, was far lower (12.7% 
and 3.8% respectively). 
Despite their shared, at least partially, common ancestry with Woburn, all the 
examined modern populations are significantly differentiated from the historical Woburn 
population with the exception of the population from the New Forest and the population from 
the USA (WV) (Table 4.1, Figure 4.2). Pairwise Fst values of current populations with the 
historical Woburn population ranged from 0.02 (WV, USA) to 0.19 (LI, Ireland). Although 
the allelic frequencies of the Irish population do not match its putative source population, a 
low private allele richness indicates that genetic drift and isolation can explain differentiation 
better than unrecorded introductions from the USA or other translocations from Great Britain.  
The high number of releases does not seem to have contributed to increasing the 
genetic diversity of the observed populations in the UK. Correlation between mean allelic 
richness and number of grey squirrel introductions and translocations per county was not 
significant (p=0.127, R
2
=0.126).  
Structure analysis reveals that the examined populations can be grouped in 9 clusters 
(Figure 4.2), indicating an overall high rate of differentiation consistent with a low migration 
rate (Table 4.2). Migration rates from Woburn, averaged across time and including 
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translocations events, range between 0.028 and 0.097 and are not correlated to the distance 
from Woburn (p  0.9279, Adjusted R-squared -0.09905). Recent migration rates, on the other 
hand, range between 0.001 (SD ±0.003) and 0.015 (SD ±0.022), indicate little recent squirrel 
movements and scarce genetic exchange even within nearby locations (Table 4.2). Both 
Woburn populations are admixed, whereas the derived populations are mostly included in 
only one cluster. The populations in Cheshire (DE) and Wales (W) cluster together, although 
the recent migration rate is 0.001 ± 0.003 in both directions.  
 
Distance NLFE   BAYESASS   
WA->C (km) mean m m rate SD    CI 
WA->Y 331.1 0.0973 0.008 0.0144 0 0.0538 
WA->CA 229.2 0.0847 0.0023 0.0055 0 0.0174 
WA->OX 59.8 0.0785 0.0011 0.0033 0 0.0112 
WA->DE 56.5 0.0607 0.0035 0.0073 0 0.026 
WA->NEW 200.1 0.0604 0.0011 0.0031 0 0.0099 
WA->NA 140.7 0.0519 0.0011 0.003 0 0.011 
WA->BB 33.3 0.0482 0.0015 0.0045 0 0.0134 
WA->C 48.8 0.0475 0.0015 0.0048 0 0.0128 
WA->NF 130.6 0.0468 0.0149 0.0219 0 0.0841 
WA->W 229.3 0.0358 0.0011 0.0033 0 0.0112 
WA->S 90.9 0.0319 0.0014 0.0037 0 0.0131 
WA->LI 454.1 0.0283 0.001 0.0035 0 0.0103 
Table 4.2 Migration rates estimated for the examined grey squirrel populations. MLNe results are 
averaged across the time occurred between the sampling in 1922 and the sampling in 2011 and the 
migration rates are an overall estimate that includes translocations. BayesAss, on the other hand, 
infers posterior mean migration rates using only the recent Woburn population. 
 
The populations in Oxfordshire (OX) and Northamptonshire (NA) also cluster together but 
the recent migration rate from NA to OX is 0.281±0.028, indicating in this case an effective 
gene flow as a consequence of a natural squirrel dispersal. Isolation by distance analysis of all 
the examined populations shows a positive correlation between geographic and genetic 
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distance despite the low migration rates, indicating that genetic exchange, although low, is 
present between nearby populations (Figure  4.3). 
Seeing that all but one of the introductions mentioned by Middleton have a small 
founder size, we expected that current grey squirrel populations must have experienced a 
bottleneck and therefore substantial inbreeding, genetic drift and loss of genetic variation 
since their original release and this was measured by the fixation index (Methods). Using a 
generation time of 2.4 years, we obtain about 37 squirrel generations between the original 
sampling in 1922 and now.  
 
 Figure 4.3 Isolation-by-distance assessment: scatter plot and linear interpolation of grey squirrel 
genetic distance (Rousset's distance measure ) versus Euclidean distance. 
 
For populations with known founder sizes, the model predictions were checked against the F 
values calculated from the multilocus genotypes as F = 1-Ht/ HO where Ht is the 
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heterozygosity of modern populations and HO is the heterozygosity of the Woburn 1922 
population (Table  4.3). Since the predicted and calculated values were matching in most 
cases, the model was used to estimate N, the number of founders, using the calculated F when 
founder size is unknown. The predicted number of founders of the recent population in 
Woburn turns out to be much larger than the supposed number of squirrels released in 1890. 
However, from literature, we know (Shorten, 1954) that at least one other release occurred, 
with animals carrying the gene for the black coat.  
  Founders F 
F 
(model)  
Y 36 0.0343 0.0305  
LI 12 0.2378 0.0895  
DE 10 0.0768 0.1067  
NEW 6 0.1728 0.1732  
Piedmont 4 0.2254 0.2514  
     
Population F 
Founders 
(model) 
Ne 
(MLNe) 
Ne 
(GONe) 
WA 0.0059 188 269.96 57.25 
BB 0.0237 46 196.2 52.45 
Y 0.0343 32 156.01 45.73 
CA 0.0469 23 196.2 44.12 
OX 0.0484 23 156.48 42.07 
S 0.0654 17 251.81 58.27 
DE 0.0769 14 135.62 36.35 
NF 0.1402 8 125.77 41.4 
NEW 0.1728 6 138.82 37.46 
LI 0.2378 4 77.29 24.57 
Table 4.3 (Above) Comparison between the inbreeding coefficient (F) calculated from multilocus 
genotypes and the values obtained from the model. (Below) Number of estimated founders 
obtained from calculated values of F for populations descending from introductions from Woburn 
and effective population size estimated with MLNe and GONe with Jorde & Ryman (2007) unbiased 
estimator. 
 
Since black grey squirrels are found only in proximity of Woburn Abbey, this further 
introduction is likely to have occurred after all the translocation events from Woburn took 
place, possibly after 1922, when the skin collection used in this study was donated to the 
NHM (all samples were grey). The populations from the National Forest (NF), the New 
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Forest (NEW) and Ireland (LI) show a high level of inbreeding and a corresponding low 
number of founders. All of the examined populations show some level of inbreeding, with the 
exception of the modern Woburn population. The isolated Irish population has a remarkably 
lower effective population size compared to British counterparts. 
 
4.5 Discussion 
The advancement of molecular and statistical methods offers an opportunity to detect past 
translocations when historic data are missing and to understand the impacts of such 
translocations on the spreading mechanisms and genetic structure of present populations. Our 
data indicate low migration rates, little gene flow and limited merging of the populations after 
the introductions or the human-mediated translocations. This supports the hypothesis that 
squirrel dispersal in the UK was enhanced by repeated long-distance human-mediated 
translocations and that the observed fast expansion was a consequence of human activities 
rather than of squirrel propensity to spread and quickly invade new areas forming large, 
homogeneous expansion fronts. This lends support to results obtained by Goheen et al. 
(2003), who carried out translocation and homing experiments on a number of squirrels 
species in the USA and suggest that dispersal behaviour of grey squirrels is sensitive to and 
constrained by habitat fragmentation and local patch size. 
Our results show a reduction in allelic richness and heterozygosity in all the examined 
populations derived from past translocations from the same source in Woburn. The genetic 
diversity of a population founded from multiple introductions from different sources is 
expected to be similar or even higher than that of a single population from the native range 
(Kolbe et al., 2004; Dlugosch & Parker, 2008a; Verhoeven et al., 2011), but our results 
clearly do not support this description.   Moncrief et al. (2012) showed that the 
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phylogeographic history of squirrel evolution across their native range in the USA led to a 
high haplotype diversity with no significant differentiation across the whole range. This lack 
of differentiation might have contributed to the limited genetic variation in the UK: multiple 
introductions from (likely) different sources did not introduce new variation and different 
allelic patterns in the British populations. This resulted in having the effect of different 
introductions from the same source, as was for example the case for western corn rootworm 
(Ciosi et al., 2008) or for the velvet tree Miconia calvescens in the Pacific islands (Hardesty 
et al., 2012) where multiple introductions from the same source did not lead to an increase in 
genetic diversity. Our historical records do not specify the source of the introductions from 
America, with the exception of the population in Woburn (New York or New Jersey) and one 
in West Scotland (Ontario, Canada). Possibly the lack of population merging, inferred from 
the high level of genetic differentiation in the UK, further contributed to reduce genetic 
diversity. Further studies that test the differentiation of the American populations with 
microsatellites would be needed to understand if the low genetic diversity of the UK 
populations is due to the non-merging of the propagules, or poor differentiation of the source 
populations in the native range or to both factors. The high level of fragmentation observed in 
England can also be a consequence of the short time since introduction (Bertorelle et al., 
2009) increased by the scarce squirrel propensity to migrate.   
The observed population structure is mostly a consequence of genetic drift, and this is 
made evident by multiple analyses. Our results indicate that significant levels of 
differentiation arise from the translocations from a single introduced population. By 
randomly changing allelic frequencies, genetic drift can increase the level of differentiation 
among locations, especially after severe bottlenecks that contribute to the loss in genetic 
diversity and change in allele distributions (Kidd & Cavalli-Sforza, 1974; Wlasiuk et al., 
2003). The relatively short time since the arrival of squirrels, the low migration rates, the 
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small effective population sizes and the differences in genetic variability suggest a major role 
of genetic drift over selection, adaptation, admixture and mutation in shaping patterns of 
genetic diversity of grey squirrels in the Britain. 
At the moment the genetic structure of grey squirrels is represented by a mosaic of 
different clusters that expanded in pockets to fill the gaps between translocations and shows 
limited interchanges of genetic material. It is not clear what prevents the merging of these 
different clusters. A detailed study examining their boundaries would be needed to clarify the 
presence of ecological barriers or other factors such as regional control efforts that impact on 
squirrel densities. Grey squirrels in the UK are considered a forest pest species since they 
damage trees by seasonal bark stripping (Mountford, 1997) and threaten the native red 
squirrel with interference competition mechanisms (Gurnell et al., 2004b), For this reasons 
extensive and regular culling programs have been carried out since the 1930s (Mayle et al., 
2007; Mayle & Broome, 2013). Ethological reasons also cannot be ruled out, a mating choice 
for example might favour the dominant, resident males rather than dispersing young 
individuals (Koprowski, 1993). If the grey squirrel will become naturalized in the UK, 
however, it is likely that the different clusters will eventually merge, as happened in 
Pleistocenic interglacial periods in the USA (Moncrief et al., 2012). The necessary merging 
time will depend on the presence of suitable ecological corridors which, in turn, will depend 
on anthropogenic activities and climatic factors.  
Inbreeding is expected to occur during invasion processes, especially if propagule 
pressure is moderate (Allendorf & Lundquist, 2003). In this scenario, a possible inbreeding 
depression might have affected population growth and range expansion. Demographic 
stochasticity and the negative effects of inbreeding might have resulted in the extinction of 
many of the introduced or translocated populations mentioned by the historical sources, 
supposed to have small founder size and consequently small effective population size. This 
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can account for the absence of a positive relationship between number of founding events and 
genetic diversity. Besides, inbreeding depression and poor migration rates might have slowed 
down natural expansion rates, leaving the human-mediated translocations from the well-
established Woburn population as the main driving force for the fast grey squirrel expansion 
throughout the invaded range.  
4.5.1 Conclusions 
Three main factors emerged from this study as determinant in controlling future grey squirrel 
expansions in countries such as Italy, where spreading and human-mediated translocations 
still occur: 1) human-mediated dispersal can play a major role in the spread and invasiveness 
of a species with low migration rates; 2) among populations with small founder size, genetic 
drift strongly affects allelic frequencies and inbreeding, leading to genetically structured 
populations when there is no interbreeding between subpopulations; 3) the merging of 
different propagules is not an automatic process in biological invasions. 
A better understanding of dispersal pathways is crucial for conservationists to prevent 
or minimize future movements of organisms (Wilson et al., 2009). Improving our knowledge 
on the extra-range dispersal mechanisms of species will help us better manage biological 
invasions: despite the apparent and extensive spread of grey squirrels, our findings highlight 
that founder population events have an extensive impact in shaping the population structure 
of an invasive species. 
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5. Invasion forensics: using DNA profiling to investigate man-mediated 
translocations of an invasive species  
 
5.1 Abstract 
This study explores how DNA profiling, developed to investigate wildlife crimes on 
endangered species, can be applied to invasive species to optimize management of invasions 
and to investigate, deter, and prosecute illegal human-mediated translocations. We use the 
European invasion of the American Eastern grey squirrel as a focal example. This squirrel is 
listed as one of the most damaging invaders worldwide. Many human-mediated 
translocations of the species have occurred in Europe since the 19
th
 century. We built a 
genotype database using 12 highly polymorphic microsatellites from each of 1421 individuals 
from 59 locations across Europe and one in the USA. DNA from newly detected populations 
and free roaming individuals were compared with this database. Our results indicate illegal 
human-mediated translocations in Aberdeen, the Isle of Skye and possibly Northumberland, 
and reveal precise details of illegal squirrel trade in several regions of Italy. We review 
assignment test methods for finding the origin of populations or individuals even when 
bottlenecks and genetic drift cause changes in allele frequencies. Our methods can easily be 
applied to other species with culling programs. We recommend that multi-locus genotype 
databases be collected for all major invasive species considered attractive or ornamental, 
including many invasive vertebrates, as these are often subject to illegal translocation. 
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5.2 Introduction 
There is increasing interest in enforcing international regulations on trade of protected species 
(Linacre, 2009). DNA profiling is a vital investigative tool for identifying illegal trades and 
convicting criminal traders. Its application in court and its use to detect crimes against 
protected species are becoming widespread. Examples include detecting sources of ivory, 
tiger bone, mouflon carcasses, and other products (Wetton et al., 2002; Frantz et al., 2006; 
Wasser et al., 2008; Ogden et al., 2009; Alacs et al., 2010; Lorenzini et al., 2011). Poaching is 
a major threat to endangered species globally (Zimmerman, 2003; Wyler & Sheikh, 2008; 
Alacs et al., 2010); however, invasions of exotic species also threaten biodiversity (Elton, 
1958; Williamson & Alastair, 1996; Lonsdale, 1999; Richardson & Pyšek, 2006) and have 
huge economic impacts. For instance, the total annual cost of non-native species to the 
European economy is estimated to be at least € 12 billion/year (Kettunen et al., 2008). Illegal 
or accidental translocations of known invasive species contribute greatly to this cost (Kolbe 
et al., 2004; Lockwood et al., 2005). DNA profiling has thus far not been applied to help 
deter and enforce laws against translocation activity.  
This paper explores the potential for the new application of DNA forensic methods to 
invasions, and examines how methods can be adapted from conservation forensics to this 
novel application. Within population genetics, invasion genetics is a relatively new science 
that plays an ever-increasing role in providing information about sources of introduced 
populations, the number of times a species was introduced, the size of each introduction and 
the subsequent pattern of spread (Signorile et al., in review a; Lee 2002; Kolbe et al. 2004a). 
The same methods developed for detecting the origin of individuals found in the policing of 
trade of protected species can be extended to detecting and prosecuting illegal translocations 
and deterring further releases of invasive species in the wild. Species of some interest for the 
pet, hunting, fishing or gardening trade, in particular, should be the focus of these efforts 
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since they are most likely to be subject to human translocations. The main difference between 
conservation and invasion applications of DNA forensics consists in having to consider, in 
the invasion setting, whole populations rather than individual specimens seized by enforcers, 
since new populations of an invasive species are often noticed only when population densities 
become sufficiently high. Allelic patterns of the population may have started to differentiate 
from those of the source by that time. This makes it more challenging to find the source and 
size of the propagule and to reconstruct its history.  
The example species used here to illustrate the new application is the American 
Eastern grey squirrel (Sciurus carolinensis), a highly invasive rodent that has been introduced 
and translocated multiple times in Europe and elsewhere (Middleton, 1931; Bertolino, 2009; 
Martinoli et al., 2010; Huynh et al., 2011). The grey squirrel is a threat to local wildlife 
(Signorile et al,. in review b; Wauters et al. 2000, 2002) and commercial tree crops (Gill, 
1992; Signorile & Evans, 2006; Mayle & Broome, 2013) in Europe.  
Grey squirrel translocations are the subject of legislation. The trade of this species 
among countries within Europe is now regulated by the inclusion of the species, as of 2012, 
in Annex B of European Community Regulation no. 338/97, the European Union Wildlife 
Trade Regulation that enforces the Convention on International Trade in Endangered Species 
of Wild Fauna and Flora (CITES). The species is further regulated by national laws such as 
the recent Italian Legislative decree 24/12/2012, aimed at forbidding grey squirrel pet trade, 
release in the wild, and import. In the UK, the import, keeping and release of grey squirrels 
have been subject to several national laws since the 1930s: the 1932 Destructive Imported 
Animals Act; the 1937 grey squirrel Prohibition of Importation and Keeping Order; 
and Section 14 of the Wildlife and Countryside Act of 1981. These regulations prohibit the 
import and release of grey squirrels without authorization (Bosch & Lurz, 2012). 
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We consider four squirrel case studies which illustrate different uses of invasion 
genetics and different degrees of overlap with standard conservation applications of DNA 
forensics. The first two case studies are very similar to conservation applications: our aim 
was to assign individual squirrels found in new areas to a likely source population in order to 
examine if they represented expansion or man-mediated translocations.  
 
Figure 5.1: UK (left) and Italy (right) maps indicating the geographic position of all the sampled 
eastern grey squirrels forming the database. The position of the single individuals or populations 
examined for the case studies are indicated by black squares. The position of the population in West 
Virginia (USA) is not shown, but the latitude and longitude of all populations are given in Table A.6 in 
Appendices. Abbreviations shown on the map and used in the text correspond to place names 
provided in Table A.6. 
 
Case study 1, the Isle of Skye: The Isle of Skye (Scotland, UK; henceforth SKYE, and all 
location abbreviations are given on Figure 5.1 and Table A.6) is connected to the mainland 
only by the A87 road bridge. There were no known squirrels, native-to-Scotland red or 
invasive grey, on the island prior to 2010. In October 2010 a grey squirrel was captured with 
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a trap set for mink in the town of Breakish. The nearest known grey squirrel populations to 
Breakish are on mainland Scotland at Fort William and on the east side of Loch Ness, both 
approximately 130 km away. An anonymous resident informed authorities that a grey squirrel 
stowed away under the bonnet of a car from Glasgow and was released at Breakish. One of 
the authors (LS) was asked to assess the reliability of this story. Case study 2, the Happy 
Valley: A similar occurrence happened in the county of Northumberland, UK, where a grey 
squirrel was caught in 2010 near Wooler, in the Happy Valley (henceforth HAPPY), an area 
where grey squirrels were not previously known. Grey squirrels are expanding in other areas 
of Northumberland, with a front moving southwards from Scotland and one moving 
northwards from south Northumberland. For conservation purposes it was important to know 
the origin of the isolated squirrel to control and minimise grey squirrel spread and to assess 
the relative likelihoods that the captured squirrel was a natural expansion or a translocation. 
Case Study 3, Aberdeen, illustrates differences between conservation and invasion 
applications of DNA forensics. There is an established population of grey squirrels in 
Aberdeen, Scotland (henceforth AB), and the origin, time and mechanism of arrival of the 
founders of this population are poorly understood. Bryce (1997), examining Forestry 
Commission questionnaires assessing red/grey squirrel presence for the period 1980-1994, 
indicated that the animals arrived in that range of time. However, records registered in the 
National Biodiversity Network's (NBN) Gateway database suggest that the squirrels arrived 
in the late 1960s. It is not known whether the population in AB was the result of a human-
mediated introduction event, or, as suggested by Staines (1986), a natural expansion from 
populations in Tayside, approximately 60 km away. Our aim was to determine this. Squirrels 
appeared in AB at least 19 years ago, so this case study probably has no relevance to 
litigation, but it provides a useful simple illustration of differences between conservation and 
invasion DNA forensics, and provides useful information about invasion history.  
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Case study 4, Italy, is the most complex and interesting of our case studies and is 
also the most relevant to real enforcement applications. In the last 10 years, 22 new grey 
squirrel populations have appeared in the north part of Italy, in Lombardy, and one new 
population has appeared in the central part of the peninsula, in Umbria (Martinoli et al., 2010) 
(Signorile et al., in review b). The origin of the populations in Lombardy is unclear. The first 
nucleus was found in the Ticino Valley, in a regional park. The valley is not far from the 
town of Trecate (Novara, Piedmont) where in 1994 six squirrels purchased from a known pet 
retailer were known to have been released for ornamental purposes. The pet retailer claimed 
he had bought the squirrels from a Dutch importer (Bertolino et al., 2000).  The animals were 
thought to have been removed from Trecate, but some individuals from Trecate could already 
have dispersed to the Ticino Valley before the removal (Bertolino et al., 2000). Other grey 
squirrel populations in Lombardy can therefore have one or more of the following origins: a 
natural expansion from the populations in the Ticino Valley; man-mediated introductions 
from that source; man-mediated introductions from Piedmont or elsewhere in Italy; or 
introductions from the native range (North America) or from elsewhere outside Italy. The 
origin of the population in Umbria is better known. In 1999 seven squirrels were purchased 
from a pet retailer in Northern Italy (the receipts were not available to us so it was not 
possible to establish if it was the same one that sold the Trecate squirrels) by a private 
wildlife park in Perugia (henceforth PG) and kept on display outdoors. The following year all 
the squirrels were declared to have escaped and the resulting population is now slowly 
spreading (Signorile et al, in review b). In addition to the Lombardy and Umbria (PG) 
populations, a single grey squirrel was observed in 2009 in San Nazzaro Sesia, Novara, 
Piedmont (Martinoli et al, 2010; henceforth NOVA), a location previously not known to have 
grey squirrels, 24 km from Trecate and about 70 km from the large population around Turin. 
The origin of this squirrel is unknown.  
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We use the squirrel case studies to accomplish our general goals of exploring the 
potential for the application of DNA forensics to invasions, and examining how methods 
might be adapted from conservation applications, by answering the following questions: 1) 
What is the accuracy of available assignment methods and software and what are the best 
available tools for assignments specifically and DNA forensics generally in the invasion 
context as distinct from prior wildlife trade applications? 2) What are the likely origins of the 
individual squirrels found on SKYE (case study 1) and HAPPY (case study 2) and do results 
point to translocations or natural expansion? 3) What was the origin of the AB population 
(case study 3) and was that population more likely the result of an expansion or a 
translocation? 4) What are the origins of the populations in Lombardy and Umbria (PG) and 
the single individual found at NOVA, and were the founding events independent or linked to 
a common, potentially illegal factor? In so doing we demonstrate the potential use of DNA 
forensics for prosecuting violators of laws regulating biological invasions. 
5.3 Methods 
5.3.1 Database and sampling 
A database of European grey squirrel genotypes was organised by sampling from Scotland, 
England, Wales and Northern Ireland in the UK; the Republic of Ireland; Piedmont, 
Lombardy and Umbria in Italy; and West Virginia in the USA. A total of 1421 individuals 
were sampled in 60 locations, 13in Scotland, 28 in England and Wales, nine in the Island of 
Ireland, nine in Italy, and one in the Eastern US (Figure 5.1, Table A.6). Each location was 
defined as the same isolated forest or group of forests interlinked with evident corridors. 
Samples ranged in size from 1 (the isolated squirrels found at SKYE, HAPPY, NOVA) to 56 
individuals per location, with an average of 24.9 (standard deviation 10.5) excluding the 
isolated squirrels. The database was built in two years, mainly from tissue samples from 
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carcasses obtained through control schemes in the UK and Lombardy and opportunistic 
control in Ireland and Umbria. Squirrel samples from West Virginia were obtained from 
animals killed as game by a squirrel hunting association. In Piedmont, where there was no 
official control, samples were collected by live-trapping squirrels and taking a tissue sample 
from the ear flap with a 1 mm biopsy needle (Signorile et al., in review a). The two 
individual squirrels from SKYE and HAPPY and the AB population were used for the UK 
case studies; and two populations from Lombardy (Parco del Lambro, henceforth LA; and 
Vaprio d’Adda, henceforth VA), one population from Umbria (PG), and the NOVA 
individual were used for the Italian case study (Figure 5.1). 
5.3.2 Laboratory procedures 
DNA was extracted using a QIAGEN DNeasy Blood and Tissue Kit (Quiagen Ltd) or Wizard 
SV 96 Genomic DNA Purification System (Promega) according to manufacturers’ protocols. 
Several types of genetic markers for individual or population identification are available: 
amplified fragment length polymorphisms (AFLPs), single nucleotide polymorphisms 
(SNPs), and microsatellites (Jobling & Gill, 2004; LeRoux & Wieczorek, 2009; Alacs et al., 
2010). Microsatellites are probably the most cost effective of these tools, having a higher 
resolving power per locus and a lower cost at the same resolving power than AFLPs and 
SNPs. Microsatellites are still the preferred genetic tool for identifying populations and 
assigning individuals to a geographic region in wildlife trade enforcement applications, 
provided there are available primers (Alacs et al., 2010). Microsatellite primers for S. 
carolinensis are unavailable, but those developed for the phylogenetically related species S. 
vulgaris and S. niger proved to be effective for S. carolinensis. Twelve independent loci were 
selected based on their polymorphism and absence of detected genotyping errors such as null 
alleles or stuttering. The primers used were SCV1, SCV4, SCV6, SCV13, SCV18, SCV31 
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(Hale et al., 2001a), FO11, FO36, FO46, FO54, FO63 (Fike & Rhodes, 2009), and DFS27 
(Lance et al., 2003). Squirrel DNA was genotyped with the methods described in (Signorile 
et al, in review a). To minimise genotyping errors, PCRs were repeated twice and positive 
and negative controls were added to the plate. The allele scoring was automated and data 
were cross read and visually double-checked to mitigate human and machine errors. 
5.3.3 Statistical analysis 
Deviations from Hardy-Weinberg equilibrium, pairwise linkage disequilibrium, and F-
statistics were assessed with FSTAT for Windows (2.9.3.2) (Goudet, 1995) and GENEPOP 
4.1 (Raymond & Rousset, 1995). Significance levels for multiple comparisons were adjusted 
for type I errors with Bonferroni corrections with nominal significance 5%. Observed and 
expected heterozygosity was assessed with the Excel Microsatellite Toolkit (Park, 2001). 
Evidence for large allelic drop-out, null alleles or stuttering was assessed with MICRO-
CHECKER 2.2.3 (van Oosterhout et al., 2004). Phylogenetic relationships were assessed 
from allele frequency data with POPTREE2 (Takezaki et al., 2010), using Nei’s DA distance 
(Nei et al., 1983) and the unweighted pair-group method with arithmetic mean (UPGMA) 
(Sneath & Sokal, 1973). The confidence in the branching, shown as a percentage on each 
branch, was assessed with 10,000 bootstrap replications.  
To estimate the effective number of founders (N) we used the following equation: 
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F is the inbreeding coefficient calculated from the multi-locus genotypes as F = 1-Ht/HO, 
where Ht is the heterozygosity of the new population and HO is the heterozygosity of the 
source population; G is the number of generations since the population was released; r is the 
growth rate, assumed to be constant over time and estimated from literature data as 0.82 
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(Okubo et al., 1989). Generation time was estimated with GONE 1.03 by setting three age 
classes. The first age class assumed a 25% survival and no reproduction for each sex, the 
second a 80% survival of females and 70% survival of males, with all the surviving 
individuals reproducing, the third a 50% survival of both males and females and all the 
surviving individuals reproducing (data were inferred from Shorten 1954; Gurnell 1987; 
Okubo, A. et al. 1989; Koprowski 1994). We inferred the values of N with a numerical 
solution, computing the N value that gave the value of F closest to the estimated value. 
Measures of spread from averages are given as standard deviations across the text. 
5.3.4 Assignment tests:  general methods choices based on prior work 
DNA forensics require high accuracy, so the assignment methods used in this study were 
carefully evaluated. The aim of assignment methods is to assign or exclude reference 
populations as the origin of the tested individuals (Piry et al., 2004). Available methods were 
reviewed by several authors (Cornuet et al. 1999; Manel et al. 2005; Latch et al. 2006; 
Hauser et al. 2006; Alacs et al. 2010; Linacre & Tobe 2013). Two main software were 
presently available for assignment tests, GENECLASS2 (Piry et al., 2004), developed for 
genetic assignments and detection of first-generation migrants and Oncor, a computer 
program developed to estimate mixture proportions but that allows assignment tests 
(Kalinowski et al., 2008). Both methods use partially Bayesian methods to analyze data. The 
Bayesian approach in both cases derives from the method described by Rannala & Mountain 
(1997) and concerns the derivation of the probability density of population allele frequencies 
from sample population frequencies (Piry et al., 2004). According to Cornuet et al. (1999), 
Bayesian methods are more powerful than frequency-based methods. These latter methods 
are implemented in GENECLASS2 but were not used for assignments. 
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Manel et al. (2002) assessed that for wildlife assignment tests the fully Bayesian 
clustering method implemented in STRUCTURE (Pritchard et al., 2000) performs better than 
partial Bayesian assignment methods but requires the assumption that the true population of 
origin was sampled. Hauser et al. (2006) did find controversial small differences between 
STRUCTURE and the clustering method implemented in BAPS (Corander et al., 2004). We 
decided to focus on the former software since it has often been used in conservation 
applications of DNA forensics (Lorenzini et al., 2011) and in litigation (Glover, 2010). 
However, as recommended by Manel et al. (2002), we used both cluster and partial Bayesian 
methods since it was not known if the true population of origin had been sampled in the 
database. However, for single individuals of recent introduction clustering methods could still 
be considered the most reliable method, in accordance to wildlife forensics methodologies, 
(Bonizzoni et al., 2001; Frantz et al., 2006). 
5.3.5 Assignment tests: specifics  
Both Oncor and GENECLASS2 were evaluated for their ability to correctly assign a multi-
locus genotype to its population of origin. Both programs can be made to automatically test 
their own performance on a dataset by sequentially removing each multi-locus genotype from 
the data and then estimating its origin using the remaining individuals as reference (this is a 
“leave-one-out” analysis). However, in this evaluation, Oncor ignores those multi-locus 
genotypes with missing data, and GENECLASS2 assigns them to a population. For a fair test, 
therefore, individuals with missing data were removed from the database prior the leave-one-
out tests with both software packages. A further test was performed by assigning each 
individual to a population without first removing its genotype from the database (called a 
“self-assignment test”). Both software packages can be made to automatically assign all 
individuals to populations in this latter test, regardless of missing data. For both tests, results 
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were in the form of the number of correctly assigned individuals on a per-population basis an 
overall – the method with the higher percentage of correct assignments should be considered 
better for application to our dataset. 
Cluster analysis was set with STRUCTURE 2.3.4, with a burn-in period of  50,000 
followed by a chain of length 100,000. An admixture model with correlated allelic 
frequencies was chosen, with 5 replicates for each K. The method of Evanno et al. (2005) 
was used to infer the most likely number of populations in a dataset.  
With GENECLASS2 we used the exclusion technique of Paetkau et al. (2004) based 
on Monte Carlo resampling of 10000 simulated individuals for each candidate population. If 
each individual genotype likelihood was outside a threshold set to 0.001 the population from 
the baseline was excluded as the origin of the individual. All the populations tested were part 
of the baseline but prior assignment of a population the corresponding genotypes were 
removed from it. 
5.4 Results 
All the assessed populations were tested for Hardy-Weinberg and linkage 
disequilibrium which could bias estimates of the probability of origin. After Bonferroni 
correction, the loci SCV6 and SCV13 showed a deviation from random combination of allele 
frequencies (linkage disequilibrium) in eight populations (AB, D, DE, T, Y, WA, S, NEW); 
SCV1 and DFS27 were in disequilibrium in population ED, FO46 was in linkage 
disequilibrium with FO63 in ANB, and with SCV31 in WS. Seven populations in the 
database showed Hardy-Weinberg disequilibrium with heterozygote deficiency after 
Bonferroni correction, possibly caused by sampling errors or by extensive control operations 
that disrupt gene flow through the ecological corridors that interlink the forests. The 
populations were: WS (SCV4, FO11); CC (SCV4, FO11); ANB (FO63); S (FO36, FO11); 
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NEW (SCV31, SCV18, FO63) WI (SCV1); WV (SCV4). Deviations from linkage or Hardy-
Weinberg equilibrium for few loci are not unexpected in isolated or inbred populations and is 
expected in such a large database for populations with a small founder  size. Removing 
SCV13 from the analysis did not alter our results for Aberdeen. Analysis with MICRO-
CHECKER did not reveal any significant null alleles so the involved loci were included in 
subsequent analysis. In tests of assigning single genotypes to populations of origin, Oncor 
performed better than GeneClass2 for our data. In the leave-one-out test done after removing 
incomplete genotypes, 79.6% of individuals were correctly assigned by Oncor, whereas only 
55.6 % were correctly assigned by GeneClass2 (Table A.7.1). Within each population, 
assignment success varied greatly, possibly depending on the level of variation within each 
population and its similarity to other populations (Table 5.1). Oncor also performed better for 
the test in which individual genotypes were not removed from the dataset before attempting 
to assign them to a population. Oncor correctly assigned 91.31% of individuals versus 
81.31% for GENECLASS2 (Table 5.1). Given these results, GENECLASS2 was not further 
used. 
Cluster analysis was performed on 57 populations of the database, excluding the three 
individuals from SKYE, HAPPY and NOVA. Results show a complex genetic structure. The 
highest ΔK value (Evanno et al. 2005) (K=3) partitions the database in three main clusters 
corresponding to Britain, Ireland and Italy (Fig. 5.2). However, the absolute maximal 
posterior probability (mean LnP(K) across the five repeats), indicates a complex nested 
structure of at least 15 clusters (Fig. A.7.1).  
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Figure 5.2 Cluster analysis via STRUCTURE of the grey squirrel database 
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5.4.1 Case study 1, the Isle of Skye 
Results strongly support the anonymous report of a SKYE resident that the squirrel 
discovered there came from Glasgow. According to Oncor results, the multi-locus genotype 
of the examined individual matches a population sampled 40 km south-east of Glasgow (BD) 
with a 98.5% probability (Table 5.1). The second best probability (1.5%) was a 
phylogenetically related population in West Lothian (WL), also close to Glasgow.   
 
  SKYE HAPPY NOVA AB VA LA PG 
ED     1    
WL 0.0147 0.9602  1    
BA        
BD 0.9853 0.0398      
WC    10    
NA    1    
S    7    
NEW    36    
ST   0.0002  16   
BC   0.9998  17 23 20 
VA       3 5 
LA        1   
Table 5.1 Assignment results with Oncor. On the left part of the table assignment probabilities for 
individual samples are reported. On the right side are reported the number of squirrels assigned to 
each database population for each examined population. Database populations for which 
assignment results were always zero are not shown. 
 
Our database includes populations from areas neighbouring Glasgow, but does not include 
squirrels sampled from the Glasgow centre itself. Cluster analysis with STRUCTURE 
confirms the Oncor results (Figure 5.3). The SKYE individual clusters in the same group with 
populations in BD and WL, as well as with a population sampled in BA, about 40 km south 
of the city. The membership proportion in that cluster was 68.5% for SKYE, 70.4% for BD , 
35.1% for WL , and 74% for BA. These results match with an origin from the Glasgow area 
but not with an origin from the squirrel population in our database nearest to SKYE (WS, 
2.1% membership proportion). 
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5.4.2 Case Study 2, the Happy Valley 
Results strongly support the conclusion that the HAPPY squirrel was translocated, 
and is not a migrant from a nearby population. Oncor attributes the HAPPY squirrel to 
population WL with 96% probability. The second best probability is BD, at 4%. These 
populations are the same ones implicated in the SKYE squirrel, are over 100 km distant from 
HAPPY, and are not among the closest populations to HAPPY in our database (Figure 5.1). 
Results are confirmed by cluster analysis: using K=5, the genotype of the HAPPY squirrel is 
assigned to the same cluster that includes squirrels from populations BD, BA and WL (Figure 
5.3; see also Figure A.7.1), and the Isle of Skye squirrel. For HAPPY the membership 
proportion to the cluster is 71.7%, for BD it is 87.5%, for BA it is 71.7% and for WL it is 
83.5%. The northern population nearest to HAPPY, which was NN, has a membership 
proportion of only 1.3% to that cluster, whereas M, the nearest population to HA to the south, 
has membership proportion of only 1.1%.  
5.4.3 Case study 3, Aberdeen 
Results strongly support the conclusion that the AB population was a result of a human-
mediated translocation. This case study differs from the previous two and from classical 
conservation applications of DNA forensics in illustrative ways, since a whole population of 
56 squirrels rather than one individual is examined. Oncor analysis assigned 64.3% of the 
sampled individuals (36 individuals) clearly to a population sampled in the New Forest, 
Hampshire (NEW), virtually on the opposite end of the UK from the AB population (Table 
5.1). Average probability was 93.7 ±12.4%. Only three individuals assigned to NEW had a 
probability lower than 0.80 and in all three cases the second best probability was the nearby 
population of S in Surrey. Seven squirrels (12.5% of the samples) were attributed to S with an 
average probability of 79.2 ±16.0%. NEW was the second best option in six of these cases. 
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Ten squirrels (17.9%) were attributed to a population from the north-western coast of Wales 
(WC) with an average probability of 80.9 ± 18.1% (Table A.7.1).  
 
Figure 5.3 Clusters distribution showing the proportion of membership of each pre-defined 
population for the Skye squirrel (K=6), the Happy Valley (K=5, top right), Aberdeen (A) (K=15, bottom 
left), Italy (K=6, bottom right) 
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Of the remaining three individuals two were assigned to the southern coast of the river Forth 
in Scotland (populations WL and ED) and one to population NA in the Midlands, but given 
the low probabilities, some of these could be misassignments (Table A.7.1).  
Cluster analysis supports the conclusion that AB squirrels were originally introduced 
from a source near NEW. Using K=15 (Figure A.7.1), the AB population forms a single 
cluster (94.9% membership proportion). The only other population partially partitioned in the 
same cluster is NEW (Figure 5.3), which shares a 13.7% membership proportion with the AB 
cluster. After a few decades, genetic drift and founder effects are likely to have considerably 
changed allelic frequencies at AB, producing this effect.  
The number of founders of AB was calculated, and results support the conclusion that 
not only was the AB population the result of a human-mediated translocation, but that the 
translocation was intentional and therefore illegal. Assuming a total period of time of 29-44 
years from introduction (in 1982 or 1967, respectively) to sampling (in 2011), an inbreeding 
coefficient, F, of 0.144 was calculated as described above (Methods), considering NEW as 
the source population and assuming that allelic frequencies in the source populations do not 
change in time. A constant growth rate of 0.82 was used (Okubo et al., 1989). This indicated 
7 founders for both assumed years of introduction. A founding event of this size from a 
source as distant as NEW is very unlikely to have occurred accidentally.   
5.4.4 Case study 4, Italy 
The NOVA individual and the LA, PG and VA populations were all clearly introduced from 
the Piedmont region, and probably came from close to the BC population. Oncor attributed 
the NOVA individual to BC with 99.98% probability (Table 5.1). Out of 26 individuals from 
LA, 23 were attributed to BC with an average probability of 98.3 ± 6.3%. The remaining 
three squirrels were attributed to VA (probability 95.7 ± 6.6%); these animals could have 
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been migrants since LA and VA are near each other (Table A.7.1). Most of the individuals 
from PG were attributed to BC: 80% of the squirrels were assigned to BC with probability, 
on average, of 98.0 ± 6.0%. The five remaining squirrels were assigned to VA with average 
probability 91.1 ± 5.1% (Table A.7.1). A second, undetected introduction from VA to PG is 
unlikely, because this would have led to an admixed population at PG, and STRUCTURE 
results do not show admixture (Figure 5.4).  
 
Figure 5.4 Cluster analysis via STRUCTURE of all the Italian populations and a population from the 
USA. At K=2 all the Italian populations cluster together, but separately from the USA. At K=6 the tree 
populations analysed for forensic (VA, LA, PG) cluster in different groups, each with a high 
proportion membership. 
 
So the five PG squirrels assigned to VA may have been mis-assignments due to a common 
ancestry of PG and VA (see below) and poor genetic variability. The evaluation of the origin 
of VA is more complex. Oncor attributed 17 individuals to BC, 16 to ST and one to LA 
(Table 5.1). Average probabilities were 88.5 ± 14.2 for BC and 79.1 ± 15.2 for ST (Table 
A.7.1). The individual attributed to LA may have been a migrant. The difficulty in clearly 
assigning the VA population to ST or BC might be due to not having sampled the original 
population of origin, which may have been geographically and genetically between ST and 
BC. However, regardless of the exact location, origin of the VA population somewhere in the 
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Turin plane is highly likely: when populations from Piedmont are merged in the dataset, all 
the examined individuals from VA were assigned to Piedmont with 99.0 ± 3.1% probability 
(excluding the individual attributed to LA). Our result also rule out the possibility that these 
populations were the result of further introduction from the native range of the squirrel (North 
America). 
 
pop ST BC R CM VA LA PG 
BC 0.0719*       
R 0.1187* 0.0575*      
CM 0.1483* 0.038ns 0.0517*     
VA 0.1161* 0.1205* 0.1648* 0.1999*    
LA 0.1887* 0.1304* 0.1874* 0.2432* 0.1686*   
PG 0.2144* 0.1655* 0.2377* 0.2270* 0.2548* 0.3241*  
USA 0.1670* 0.1593* 0.2020* 0.1844* 0.2135* 0.2829* 0.2574* 
Table 5.3 FST values indicating the genetic distances of the Italian populations. Stars indicate 
significance in a 95% confidence interval. 
 
STRUCTURE, tree, and FST results support the conclusion that the VA, LA, and PG 
populations came from introductions of squirrels captured from Piedmont in three 
independent capture events, and also further support the conclusion that these populations 
share the same or similar origin and are not new introductions from outside Italy. From their 
level of differentiation (Table 5.3, Figure 5.4) the three examined populations do not appear 
to be closely related, so it can be hypothesized that they come from three independent 
captures from the Piedmont region.  
STRUCTURE separates the populations from each other (Figure 5.4) when just the Italian 
populations are examined, further supporting independent captures. However, when all 
populations are examined (Figure 5.2), all Italian populations cluster together and separately 
from all other populations for all values of K greater than 1. On balance, probably all three 
events establishing the VA, LA and PG populations were translocations from independent 
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Piedmont captures; drift and bottleneck effects changed allelic frequencies so that the 
populations cluster separately.  
To calculate founder size we assumed a constant generation time of 2.4 years 
(Signorile et al, in review a). For PG a total time from introduction of 10-13 years was 
estimated, whereas for the two populations in Lombardy the estimated introduction time 
ranged between 4 and 13 years prior to sampling in 2012. Results suggest 3 founders for PG, 
2-3 founders for LA and 4-5 founders for VA (uncertainty depends on time from 
introduction).  
5.5 Discussion 
The results of this study highlight how DNA profiling can have practical applications on the 
integrated management of invasive species and on its legal aspects. The main lesson from our 
analysis is that the expansion of invasive species can be greatly facilitated by man-mediated 
translocations that are often undetected or considered as natural expansion processes. Our 
results also show that testing the source of new populations can lead to detect unsuspected 
illegal animal movements or trades. Undetected new introductions can lead to overestimate 
the ability of a species to spread and bias predictive models. Besides, control measures are 
usually oriented to reduce the number of individuals but very little attention is given to the 
prevention of translocations: it is difficult to assess the extent of this practice and without 
tools as the one suggested in this paper it can easily be underestimated. If populations are 
structured, as is the case for the examined populations of eastern grey squirrels, movements 
of animals with different allelic patterns can contribute to the merging of populations, 
increase genetic diversity and therefore reduce inbreeding. The theoretical risks deriving by 
movements of small populations or individuals of invasive species such as the raccoon 
(Procyon lotor) in Spain (García et al., 2011) and Italy (Canova & Rossi, 2009) have been 
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thoroughly investigated (Lewis, 1997; Lockwood et al., 2005, 2009; Lizarralde et al., 2007). 
However, investments in forensic sciences for crimes related to endangered species are still 
scarce despite the size of the problem (Ogden et al., 2009; Alacs et al., 2010; Ogden, 2010; 
Linacre & Tobe, 2013) and it can be assumed that invasive forensics might face the same 
dilemma. Joining forces, funds and facilities could help to ease these issues. 
5.5.1 Genetic assignments of case studies and introduction pathways 
The DNA profile of the squirrel from the Isle of Skye matches with populations sampled 40 
km south of Glasgow. This corroborates, at least partially, the story of its accidental transport 
to the Isle of Skye. However, the squirrel from the Happy Valley in Northumberland is 
attributed to the same cluster. This could be mere chance, or could be an indication that 
something not immediately apparent is happening, given the evidence that both squirrels’ 
profiles do not match with the neighbouring populations. For good management practice it 
would be important to genotype and assign all the new grey squirrel sightings in Scotland and 
northern England and add a population from Glasgow to the baseline. This could in fact 
provide data for geographic profiling, a criminological technique already successfully applied 
in assessing the spreading origin of an invading alga in the Mediterranean (Papini et al., 
2013). On the other hand, the building of a baseline, the sampling and assignment of new a 
sighting or population, and, if needed, a legal action to determine by whom the introduction 
was carried out are expensive procedures. Depending on the management aims, these costs 
could be included eradications or control action plans. 
Our results indicate that Squirrels in Aberdeen match a population from Hampshire, 
on the opposite side of Britain, arising from approximately seven founders. In the UK the 
trade of grey squirrels is illegal since the 1930s with the 1932 Destructive imported Animals 
Act, the 1937 grey squirrel Prohibition of importation and Keeping order and the Wildlife 
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and Countryside Act of 1981. An accidental introduction of several individuals for such a 
long distance is unlikely, even assuming squirrels did not arrive all at the same time. Red 
squirrels were present in Aberdeen at the time of the grey squirrel release, and the ecological 
issues related to invasive squirrels were well known, so it is unlikely that squirrels were 
introduced for ornamental purposes. After such a long time, however, it is no longer possible 
to establish the route of arrival and the reason for the illegal release of the squirrels. This 
evidence proves the need for an immediate action after a new propagule of an invasive 
species is detected, both to eradicate the propagule and to trace back, whenever possible, the 
source of the animals and the perpetrators of the illegal release. 
The multilocus genotypes of all the four examined Italian new foci were assigned to 
Piedmont with a very high level of probability. The most likely origin is an area south of 
Turin (BC). The VA population, however, could be an admixture of two or more 
introductions from Piedmont or could derive from a third population between BC and ST: the 
two populations are 14 km apart but separated by a large river so only limited gene flow is 
allowed (Signorile et al., in review, a). The three examined populations do not appear to be 
closely related (Table 5.3, Figure 5.4), so it can be hypothesized that they come from three 
independent captures from the wild.  The attribution of the single individual from San 
Nazzaro to BC implies that a fourth introduction from the same source occurred. A natural 
expansion from BC cannot be taken into account because of geographic distances and the 
absence of other squirrel populations between Turin and the boundaries with Lombardy. Grey 
squirrels were legally sold as pets in the country until December 2012. However, the capture 
of grey squirrels is regulated in Italy by the law 157/92 that forbids squirrel hunting, trapping 
or capture. Animals in the pet trade had to be imported from their original range, an import 
that was possible since the animals were not mentioned in any list regulating international 
animal trade, or from authorized breeding centres. At least three times, therefore, grey 
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squirrels were illegally taken from a restricted area in Piedmont. In fact, grey squirrels 
illegally trapped and given to a private citizen have been already discovered by the forestry 
police (Luca Picco, Regione Piemonte, pers. com.). In the case of the population in Umbria 
the captured squirrels were introduced in the pet trade and consequently sold to a private 
citizen. Since the origin of the two populations in Lombardy and of the animal in San 
Nazzaro Sesia is not known, it is impossible to establish if these squirrels come from the pet 
trade or were released soon after their capture in Piedmont. The squirrels released in Trecate 
were originally purchased from the pet trade (Bertolino et al., 2000). Therefore, the nearby 
populations along the Ticino river should be genotyped to assess their origin. Besides, since 
the pet trader is known, it should still be possible to find other pet grey squirrels sold in the 
past few years and trace back their origin. The second illicit act committed in this case study 
is the release in the wild of an exotic species regulated by the Presidential Decree 8/9/97, 
n.357. In Lombardy and San Nazzaro we have no means to establish whether this was an 
intentional release or an incident. In the case of Perugia, although the release was not 
deliberate, it was in any case due to lack of care in the confinement and recapture of the 
escapees.  
5.5.2 Founders 
An estimate of the number of individuals released is important to assess the circumstances of 
the release and the likelihood that the new population is an admixture from different sources. 
Our estimates, however, are only an indication of the order of magnitude of the propagule 
size, since many assumptions are made, like a constant growth rate, the numerical value of 
this rate and the generation time which could be different in inbred populations. However, we 
know that in Perugia 7 squirrels were released of which maybe not all reproduced to 
contribute to the actual gene pool, or were related to each other, so we consider acceptable an 
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estimate of three founders. Likewise, our other founder size estimates are compatible with 
what is known of the population history. 
5.5.3 Assignment tools 
The identification of the geographic origin of an individual is based on our ability to assign a 
sample to a particular baseline population, but the assignment success is conditioned by 
several factors. First, it requires that the examined and the source population are sufficiently 
genetically distinct from other candidate populations (Manel et al., 2002; Hauser et al., 2006). 
Then, it relies on the existence of a large database that includes population data from multiple 
areas (Bertorelle et al., 2009). Even when these prerequisites are satisfied, many factors can 
contribute to reduce our ability to correctly assign a genotype to its origin population, like 
sampling errors, genotyping errors, genetic drift or admixtures with nearby populations. This 
applies in particular when the number of founders is small, the effective population size is 
low, and the introduction event was far in the past as it is often the case for introduced 
populations. As a consequence, the genotypes of the database are often not completely 
representative of the genotypes of the new population (Manel et al., 2002; Hauser et al., 
2006), since they will have different allelic frequencies. This on one hand increases the level 
of genetic differentiation streamlining the assignment tests and giving better defined results 
compared to a natural population (Manel et al., 2005) but, on the other hand, makes more 
difficult to identify the real origin.  
Bayesian assignment methods such as the algorithms implemented in STRUCTURE 
are considered having the highest assignment success (Cornuet J.M. et al., 1999; Mank, J.E. 
& Avise, 2004; Paetkau et al., 2004; Frantz et al., 2006; Latch et al., 2006). However, their 
practical use can be restricted by the bias created by genetic drift in small populations after a 
long time span (Manel et al., 2005). Assignment tests results would be more accurate when 
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the baseline and the examined genotyped individuals have been sampled at the same time and 
when the true source is among those sampled. As an alternative to clustering methods we 
compared the performances of two applications that use a combination of Bayesian analysis 
and exclusion methods (GeneClass2) or mixture analysis (Oncor). GeneClass2 performed 
overall less well in the preliminary tests with our dataset, whereas Oncor proved to have a 
higher discrimination power. When applied to real cases with single individuals, its results 
corresponded to the assignments obtained by STRUCTURE. However, not all the individuals 
in the baseline were correctly assigned in the leave-one-out test. The genetic similarity of 
some geographically close populations in the baseline likely contributes to this imperfect 
assignment. In complex cases the simultaneous use of clustering methods and partial 
Bayesian methods can increase the reliability of the assignment or at least contribute to 
exclude some populations as a putative origin. 
5.5.4 Conservation vs. invasion forensics 
The need for forensic rigour has already been internationally accepted in the case of 
endangered species and national and international laws on invasive species need effective 
tools to be successfully applied. However, the application of wildlife DNA forensic 
techniques to invasive species is complicated by a number of factors. Target species might be 
poorly investigated because of scarce ecological interest in their native range, so the 
development of markers or the sequencing of DNA fragments is limited. Forensic 
investigation might be viewed as a low priority and expensive compared to control measures. 
Attributions are complicated by assessing the origin of whole populations rather than single 
biological samples. According to Jobling & Gill (2004), “The aim of the forensic geneticist is 
one of attribution — to identify with as much certainty as possible the origin of a biological 
sample”. As a consequence, the assignment methods to ascertain the origin of a large number 
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of individuals composing a new population must be carefully evaluated: multiple releases can 
create admixed populations or genetic drift can alter the genetic frequencies compared to the 
origin population. On the other hand, methods can be further developed and costs limited by 
links to academia and cooperation at international level (Ogden, 2010). Genetic drift 
drawbacks can be limited by acting immediately after the discovery of a new translocation or 
introduction. Besides, baseline populations are easy to build compared to endangered species, 
due to high number of invaders and control measures. The creation of a tissue sample 
collection concomitant with control programs of invasive species should thus be encouraged. 
5.5.5 Conclusions 
Although these methods can be applied to any invasive taxa, merchandise imports such as the 
trade of mammals, birds and reptiles as pet are the most important explanatory variable in 
many alien invasions (Westphal et al., 2007). Naturalised populations and imported pets of 
potentially invasive species should be sampled by national environmental bodies and genetic 
databases made available for forensic purposes. New populations in non-linked areas should 
be tested to assess their origin and possibly investigate on their release pathway. This could 
highlight non predicted expansion channels that should be further monitored. Intentional 
releases should be prosecuted in court to deter further releases and the risk of creating 
admixed populations with higher genetic variance than the source populations.  
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6. Can genetic diversity affect the population expansion rate of an 
invasive species? 
 
6.1 Abstract 
Recent theoretical work has shown that biological invasions are made up of multi-step, 
complex processes conditioned by many biological and ecological factors. In this study we 
investigate the role of genetic variation in determining invasion success by influencing the 
dispersal and range expansion rate of a highly invasive species. We estimated rates of spread 
and genetic diversity of American eastern grey squirrel populations in 15 areas in the UK, 
Ireland and Italy. Our results indicate a significant correlation between unbiased 
heterozygosity, used as a measure of the genetic variation, and the linear rate of spread. 
Results are significant after accounting for spatial autocorrelation. Results highlight the 
necessity of introducing genetic data as a parameter in predictive spread models and indicate 
to conservation experts a strong need to prioritize control actions that prevent increases in 
genetic diversity through merging genetically distinct populations.  
 
6.2 Introduction 
The survival and invasion success of a species introduced into a new environment is a multi-
step process and depends on its ability to establish in a new area, persist there and expand its 
population range. The ability to disperse, in particular, has long been recognised as an 
important life history trait for all species and plays a major role in a species’ potential to 
become invasive (Clobert et al., 2012).  Despite that introduction processes are mostly driven 
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by stochastic forces, the dispersal capacity of an invader is conditioned by a large number of 
biotic and abiotic factors such as habitat quality, presence of predators, parasites and 
competitors, climate, land use, and propagule pressure (Rouget & Richardson, 2003; 
Lockwood et al., 2005; Rejmanek, 2011). In addition, several studies suggest that the 
spreading ability of a species depends heavily on its capacity to respond to natural selection 
and therefore on its genetic architecture and plasticity (Sakai et al., 2001; Lee, 2002; 
Lavergne & Molofsky, 2007). It has been postulated that natural selection can act on 
population genetic patterns and facilitate invasiveness (Lee, 2002). Evolutionary factors and 
the adaptive potential of a species are promoted by genetic variation (Frankham, 2005; Willi 
et al., 2006) and genetic diversity has been a good predictor for invasions success (Dlugosch 
& Parker, 2008a; Simberloff, 2009; Crawford & Whitney, 2010).  
It is not clear however on which phase of the invasion process genetic diversity acts. 
Dispersal is known to modify the potential for local adaptation and population genetic 
differentiation (Clobert et al., 2012), but could, in itself, be influenced by the average genetic 
variation within a population. In this study we test if the expansion rate of a highly invasive 
species, the American eastern grey squirrel (Sciurus carolinensis), is correlated with the 
genetic diversity of different populations of the species across its non-native range in Europe, 
namely in the UK, Ireland and Italy. Our main aim was to verify the prediction that in areas 
where expansion rates were higher, grey squirrel populations had a greater genetic variation. 
6.3 Methods 
6.3.1 Data collection 
Data on genetics and squirrel spreading were collected across the whole European range in 
the UK, Ireland and Italy. The considered units of territory in the British Isles were counties, 
except for Northern Ireland, considered as a whole, and Northern Wales, where the counties 
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of Gwynedd and Clwyd where combined. The Italian area units were provinces. Overall, 15 
units of territory were included in the analysis, of which three were located in Scotland, seven 
in England and Wales, three in Ireland and two in Italy. The main limiting factors in selecting 
the study areas for this survey were historical records on squirrel spread.  
6.3.2 Genetic data 
Genetic diversity was measured from DNA extracted and genotyped with 12 microsatellite 
markers as described in (Signorile et al, in review a). Tissue samples from 797 individuals 
from 33 different populations in 15 study areas and three countries were analysed (Figure 6.1, 
Table 6.1).  The term “study area” refers to the examined counties or province (Figure 6.1). 
In some areas like Piedmont or Northern Ireland a study area is composed by a few meta-
populations with genetic exchange. The term “population” refers therefore to squirrels from 
the same woodland, or interconnected woodlands within a study area.  
 
Figure 6.1 Map of the Grey squirrel genetic sampling. Subpopulations (red dots) from the same study 
area are circled. 
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Values of average unbiased expected heterozygosity were assessed with the Excel 
Microsatellite Toolkit (Park, 2001). Where in a study area more than one population was 
sampled, the values of heterozygosity were obtained by merging the populations before the 
analysis, assuming all the populations in that area derived from one introduction event. 
Averaging heterozygosity levels of individual populations within the same study area did not 
lead to relevant differences.  Deviations from Hardy-Weinberg equilibrium were tested with 
GENEPOP 4.1 (Raymond & Rousset, 1995).  
 
Region County Pops N Log10Spread HE x y 
Scotland Granpian 2 56 0.002778 0.5433 186188.3 6344829 
 Tayside 3 64 0.224321 0.5392 73188.32 6268729 
 Strathclyde 1 30 0.055448 0.6237 25291.77 6239566 
England Northumberland 3 38 0.916454 0.673 199819.1 6123733 
 Cumbria 5 126 0.890079 0.6824 113299.6 6040647 
 Merseyside 1 32 0.587269 0.6144 101795.7 5947708 
 Norfolk 1 30 0.755875 0.675 382185.6 5842161 
 Hampshire 1 32 0.272306 0.6348 177472.3 5647429 
 Cornwall 1 15 0.735898 0.7092 -43633.3 5620628 
Wales Gwynedd+Clwyd 2 62 0.080321 0.6859 19956.96 5919729 
Ireland Northern Ireland 5 122 0.283301 0.568 -122068 6070814 
 Dublin 1 31 0.336378 0.5608 -116106 5953981 
 Kilkenny 1 9 0.425384 0.5512 -190185 5868793 
Italy Piedmont 5 125 -0.22185 0.5479 862839.4 4992444 
  Perugia 1 25 -0.53760 0.3575 1259482 4816832 
Table 6.1 Sample size, log-transformed rate of spread (in km/yr) genetic diversity (HE) and projected 
geographic coordinates (UTM system, zone 31N), of the examined grey squirrel populations. 
 
6.3.3 Range expansion data  
The patchy and heterogeneous data available on the squirrel expansions in different areas 
made it challenging to select a method of measuring range expansion rates that could be 
applied to all areas. For example, not all our data points allowed the build-up of a cumulative 
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curve (Williamson et al., 1986). Population range expansion was therefore estimated as 
simply as possible, as described in (Signorile et al., in review a). For each area, a T0 date was 
determined that was either a year a population originated in an area, or a year associated with 
a published population range map of the area for that year. T1 date and range map were a year 
and a published range estimate for a year after the start date. T1 were typically when squirrels 
first reached either the county boundaries or another expanding population or a locality 
mentioned in the literature. In the case of the Italian populations T1 represents the last known 
boundaries of range expansion. Range expansion rate was calculated by measuring 2-8 radii 
in different directions connecting the start and end population ranges, dividing by the time 
taken for each radius, and averaging across radii (Table A.2, Figures A.2.5-A.2.14). Selected 
directions were approximately evenly spaced across the directions of expansion, and were 
representative of the expansion. Northern Ireland, Piedmont, East Anglia and 
Northumberland expansion rates were estimated as described in Signorile et al., in review, a.  
The expansion rate of squirrels in Perugia was estimated as described in Signorile et al., in 
review b. Spreading rates for the other locations were estimated from data taken from several 
sources from the literature (Shorten, 1953, 1954, 1957; Lloyd, 1962, 1983; Naulty & Hayden, 
2008; McGoldrick, 2011). When there was no literature available, arrival date was inferred 
using the National Biodiversity Network's (NBN) Gateway database (http://data.nbn.org.uk; 
accessed June 2013). All calculations, range maps, and other details are presented for each 
case in the Supplementary Information.  
6.3.4 Statistical analysis 
The statistical package R (R Core Team, 2013) was used to fit a linear regression for the 
examined variables and estimate p values. Before computation a log10 transformation was 
used to normalise spread rate data. Squirrel introductions and dispersal trends tend to have a 
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spatial pattern that needs to be taken into account to minimize type 1 errors (Legendre & 
Legendre, 2012). The software package SAM –Spatial Analysis in Macroecology (Rangel et 
al., 2010) was used to estimate the corrected p value, correcting for spatial autocorrelation in 
the variables. The effective numbers of degrees of freedom of the linear regression was 
computed following the method of Dutilleul et al. (1993).  As an alternative method for 
taking spatial autocorrelation into account, a linear model with response variable log10(spread 
rate) and predictors HE (level of heterozygosity in each examined area), latitude, and 
longitude was fitted. A second model with response log10(spread rate) and predictors latitude 
and longitude was also fitted. The two models were compared with an F test. The geographic 
coordinates were projected in the Universal Transverse Mercator (UTM) coordinate  system, 
which uses 2-dimensional Cartesian coordinates to give locations on the surface of the Earth, 
before both analysis where performed. 
6.4 Results 
Three out of five subpopulations in Cumbria and the population in Merseyside, showed a 
deviation from Hardy-Weinberg equilibrium with a heterozygote deficit at locus FO11 after 
Bonferroni correction, possibly due to sampling errors. The population in Strathclyde had a 
heterozygote deficit at locus FO63. However, removing these two loci did not substantially 
alter our results, so the loci were kept in the analysis. 
The regression analysis assessed a significant correlation between the response 
variable log10(spread rate) and the predictor HE, a measure of genetic diversity. Adjusted R-
squared was 0.5611, 13 degrees of freedom (DF), p=0.0008 (Figure 6.2). After correcting for 
spatial autocorrelation with SAM the correlation was still significant (DF=8.061, p=0.009). 
The HE value for Perugia (in the lower left corner of the graph) can be considered an outlier. 
When the population is removed the regression is still significant, even after again accounting 
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for spatial autocorrelation in the same way as above (DF=10.197, p=0.028). The F test 
comparing the linear models including geographic coordinates as predictors revealed that HE 
explained a significant amount of variation in log10(spread rate) even controlling for latitude 
and longitude (F=7.1537, p=0.0233).  
 
Figure 6.2 Correlation between rate of spread and heterozygosity of the examined populations. 
Adjusted R2= 0.5611, P= 0.009, (corrected for spatial autocorrelation). 
 
6.5 Discussion  
Our results confirm that the rate of population expansion of American grey squirrels in 
Europe is positively correlated with genetic variation expressed as unbiased heterozygosity. 
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This represents one of the first quantitative accounts of this phenomena  (Lavergne & 
Molofsky, 2007; Crawford & Whitney, 2010) which though difficult to document, may have 
broad-scale significance for invasive processes.  Genetic variation is correlated with the 
adaptive potential of a species (Crawford & Whitney, 2010). If each stage of the invasion 
process requires resilience to environmental stresses, then it is sensible to presume fitness 
through genetic diversity would promote invasiveness, explaining the mechanisms behind our 
results (Sakai et al., 2001; Willi et al., 2006; Crawford & Whitney, 2010).  
Invasion processes are stochastic and in addition to genetic fitness, other factors can 
influence the dispersal ability of a new invader, such as habitat quality and connectivity, life 
history traits, Allee dynamics (Lewis & Kareiva, 1993; Williamson & Fitter, 1996). These 
factors are usually included in mathematical models predicting the spread of an invasion but 
the role of genetic diversity is not accounted for in these models. Propagule pressure is a 
good indicator of the spreading success of an invader (Colautti et al., 2006) and is recognised 
as one of the main factors influencing invasion success (Signorile et al., in review a; Kolbe et 
al. 2004; Lockwood et al. 2005, 2009; Lavergne & Molofsky 2007; Roman & Darling 2007), 
but it is difficult to quantify, especially for established populations. Genetic variation on the 
other hand is a good predictor, is correlated to propagule pressure and is quite simple to 
measure. It should therefore be integrated in predictive expansion models. In addition, the 
probable reason why propagule pressure is a good predictor of invasion success is because it 
is linked to the genetic diversity of an expanding population, so genetic diversity provides a 
more direct correlate of expansion (Hufbauer et al., 2013). 
It could be objected that genetic diversity could be a consequence rather than a cause 
of fast expansion and since I use current data, it could be difficult distinguish between the 
two. On one hand, current high genetic diversity may indicate high historical (at founding 
time) genetic diversity, which might be one of the causes for fast expansion. On the other 
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hand, current high genetic diversity could also be one of the consequences of fast expansion: 
genetic drift is weaker in fast expanding populations, so less genetic variation is lost. 
Previous research (Signorile et al. in review a) has shown however that genetic diversity  
does not vary greatly in populations expanding from one introduction event like Piedmont or 
Northern Ireland.  
Our way to measure rates of spread is robust but crude, and simply refers to the linear 
spread. It seems unlikely that the correlations reported here could have been created as an 
artifact through inaccuracies in the measures of spread rate. On the other hand, the diffusion 
coefficient required to estimate two-dimensional spread rates (Skellam, 1951; Okubo et al., 
1989; Andow et al., 1990) requires the knowledge of life history traits, such as intrinsic rate 
of growth, that are not known and extremely difficult to obtain at a local scale, especially 
considering historical timescales. Besides, diffusion coefficient estimates rely on the 
assumption that the distances covered by the individuals are normally distributed (Suarez et 
al., 2001). Because of multiple introductions in our case, it was impossible to make this 
assumption. Our measurements provide an approximate indication of how fast a population 
moved to invade nearby counties or woodlands. Further studies to provide more solid 
estimates of spread rates would be needed to increase our dataset and confirm this trend, but 
achieving this may be quite difficult for any real invasive species because of the detailed data 
sophisticated spread rate estimates require. Our results provide a strong indication of the role 
of genetic diversity in the spread of invasive populations and could be an informative 
addition to predictive models of future expansions patterns. Besides, genetic diversity could 
be used by conservationists as a tool for decision processes to assess which populations are to 
be prioritised for control measures. 
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 7. Discussion 
 
7.1 Key findings 
The population genetics of the eastern grey squirrels in Europe is extremely complex. Genetic 
diversity is constantly lower in the non-native range than in the reference population from the 
USA and is lower in the isolated populations in Italy and in Ireland than in the UK. Because 
of the multiple introductions, genetic diversity was expected to be higher in the UK than in 
the native range as a consequence of the merging of different propagules, as has been found 
in other invasive species (Kolbe et al., 2004; Roman & Darling, 2007; Dlugosch & Parker, 
2008a; Kajita et al., 2012). However, structure analysis proved that there is a significant 
amount of differentiation across populations, at different hierarchical levels, being higher 
across countries, lower at a regional scale, and low but still significant between neighbouring 
populations. Migration rates were low and England, Piedmont and Northern Ireland showed 
IBD patterns. These results, answer my first research question (see section 1.3) and also 
support the unexpected result that the translocated foci did not merge as predicted, and gene 
flow was lower than anticipated, considering the reportedly high invasiveness of this species 
(Lloyd, 1983; Reynolds, 1985; Okubo et al., 1989; Lowe et al., 2000). Spreading did not 
cause a significant decrease in genetic diversity at local level, but isolation, founder effects 
and bottlenecks reduced genetic diversity, as expected. These results answer research 
questions 2 and 3: the current European grey squirrel population structure resembles a genetic 
mosaic with each element reflecting the original genetic make-up of the introduced 
population, with random drift but with minimal inter-population mixing. After establishment, 
each pocket population expanded to fill the gaps with a spread rate proportional to the 
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founder size and genetic diversity. The observed high level of differentiation can be used to 
successfully adapt DNA profiling techniques developed to investigate wildlife crimes to 
invasive species and confirms the importance of long-distance human mediated translocations 
in squirrel dispersal. 
7.2 Implications of the results 
Several unexpected implications emerged from this work. A certain level of differentiation 
between distant populations had already been reported (David-Gray et al. 1998) and partially 
confirmed by Stevenson et al. (2012). However, both these studies considered only a small 
number of individuals and few genetic markers. The high level of differentiation observed in 
this study at small geographic scale was in contrast with previous findings in other highly 
invasive mammalian species (Abdelkrim et al., 2008; Zalewski et al., 2010). In our case 
significant differentiation was observed even within a 30 km radius, in Piedmont. Previous 
research (McGoldrick, 2011) had shown restricted levels of dispersal between neighbouring 
woodlands in Ireland, and this study confirms this behaviour in the UK and Italy.  
The genetic mechanisms triggering invasiveness are more complex than simple 
population admixture and increase in genetic diversity and involve the adaptive potential of 
the species (Crawford & Whitney, 2010). For example, several studies, have shown that 
additive genetic variance can be increased by the conversion of dominance and epistatic 
variance through genetic drift and inbreeding (Goodnight, 1988; Lee, 2002; Agashe et al., 
2011). However, if dispersal processes require resilience to environmental stresses, it is 
sensible to presume that higher rates of genetic diversity would increase spreading rates by 
raising fitness more than in genetically depauperated populations (Sakai et al., 2001; Willi et 
al., 2006; Crawford & Whitney, 2010) The conversion of dominance and epistatic variance 
would not compensate the loss of genetic diversity. In the case of the grey squirrel, the role of 
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human mediated translocations emerges as the most relevant mechanism for successful  
dispersal. This is supported by the forensic investigations which suggest that translocations 
are still occurring despite the existing regulations. In the past, when translocations were not 
only allowed but also desired, they played the major role in increasing the dispersal speed.  
This result has an immediate implication in terms of squirrel management and 
highlights that preventing translocations should be a conservation priority. The invasion in 
Italy today may be comparable, as a threat to native species, to the invasion in England of the 
early 1900’s: distinct, human-dispersed nuclei are spreading but have not yet merged 
(Martinoli et al., 2010). Although the Piedmont population is currently expanding slowly, it 
seems likely that expansion rates will accelerate if the population meets nearby nuclei with 
different genetic origin and if individuals will be further translocated in other areas. This 
possibility is particularly worrying because these populations are close to valleys in the 
European Alps through which rapid spread to the rest of Europe is possible (Bertolino et al., 
2008). Best-practice  management should prioritise the prevention of further releases. 
Multiple nuclei should be sampled and their origin assessed in the management of this and 
other invasions. 
Past attempts to eradicate grey squirrel populations failed. In the UK control schemes 
started too late, almost 60 years after the first introduction, when squirrels were well settled 
and had already invaded a vaste portion of the country (Shorten, 1954). In Italy eradication 
attempts have been thwarted by animal rights activists (Bertolino & Genovesi, 2003). If 
eradication is not possible because of this human dimension, the recent EU Regulation 
757/2012 and the Legislative decree 24/12/2012 signed by the Italian government are steps in 
the right direction but more care is needed to prevent further translocations. Citizens should 
be educated about the ecological risks of buying, moving or releasing exotic species, and 
enforcement of these regulations should be prompt. 
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7.3 Directions for further work 
The database used in this study does not have any pretension of completeness. A baseline 
including populations from other non-sampled areas would improve the results of the 
assignment tests and would increase confidence in the results. Since grey squirrel control is 
carried out in most of the invaded range, sample collection should be possible at minimal 
costs. When the need arises these samples could be genotyped to confirm assignments or to 
assess differentiation between areas. 
Population genetics of grey squirrels in the native range has never been properly studied. 
Moncrief et al. (2012), while investigating phylogeographic patterns, did not observe a 
significant population structure in the U.S. using mitochondrial DNA. However, five 
subspecies of American grey squirrels have been identified (Steele & Koprowski, 2001) on a 
morphological base and this phenotypic differentiation should be reflected by the genotypes. 
Mitochondrial DNA, due to lack of recombination and maternal inheritance, might just be a 
poorly sensitive tool to observe such differentiation. Microsatellites are considered neutral 
markers and likewise might not be able to fully detect phenotypic differentiation. Further 
studies on the native populations should possibly use microsatellites paired with next 
generation sequencing techniques to confidently detect levels of differentiation in the native 
range.  
The mechanisms of the expansion patterns of grey squirrels and other invasive species should 
be more thoroughly studied and included in predictive models and management policies. 
Although theoretical models have in many cases reasonably predicted invasion rates, 
violations of their assumptions may limit their usefulness (Suarez et al., 2001). Many models 
predicting the expansion of grey squirrels (Okubo et al., 1989; Rushton et al., 1997; Lurz et 
al., 2001; Tattoni et al., 2006) and other invasive species (Higgins & Richardson, 1996; 
Iordan et al., 2012) frequently use a simple reaction-diffusion model with exponential 
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growth. Individuals are assumed to disperse in each direction with equal probability and with 
the dispersal distance normally distributed within a fixed length of time (Kot et al., 1996). In 
many species of plants and animals, however, dispersal is leptokurtic (Bateman, 1950), with 
more propagules near the centre and in the tails than in a normal distribution of comparable 
mean and variance (Ibrahim et al., 1996; Kot et al., 1996). In addiction, long jump dispersal 
mechanisms are known for many species of plants and invertebrates (Nichols & Hewitt, 
1994; Higgins & Richardson, 1999; Suarez et al., 2001; Carrasco et al., 2010; Kajita et al., 
2012). These stochastic movements are seldom taken into account in predictive expansion 
range models for these taxa (Higgins & Richardson, 1999; Nathan et al., 2002; Carrasco et 
al., 2010). Very little is known about the spreading mechanisms of mammals and other 
terrestrial invasive vertebrates. In most cases dispersal is considered normally distributed or 
spatially modelled considering the movements in a continuous space or along water bodies in 
the case of aquatic species such as minks (Iordan et al., 2012). The human role in increasing 
the spreading rate of terrestrial vertebrates by stochastically introducing new propagules in 
areas distant from the original release sites is in most cases underestimated or ignored. The 
genetic consequences of these dispersal events and the spatial genetic patterns generated are 
still poorly understood (Nichols & Hewitt, 1994; Ibrahim et al., 1996).  
Further studies will need to focus on detecting genetic patterns to analyze the real pathways 
of spreading of terrestrial vertebrates or to assess the relationships between patchy genetic 
structures and long-jump dispersal. This approach will improve the predictive power of 
spreading models and help policy makers choose the correct strategies to contrast the 
dispersal of invasive species. 
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Appendices 
Appendix 1 – PCR conditions 
 
Multiplex                                                                                                                                                                                       Locus Dye Species PCR Conditions
 FO36 6FAM S. niger 94°C 30" 
1 SCV1 PET S. vulgaris 15 Cycles at 60°C 
 SCV4 VIC S. vulgaris 15 Cycles at 58°C 
 FO11 PET S. niger 72°C 60" 
 FO63 PET S. niger 94°C 30" 
2 SCV6 6FAM S. niger 15 Cycles at 54°C 
 SCV18 VIC S. vulgaris 15 Cycles at 52°C 
 SCV13 NED S. vulgaris 72°C 60" 
 FO54 6FAM S. niger 94°C 30" 
3 SCV31 PET S. vulgaris 35 Cycles at 58°C 
 FO46 VIC S. niger 72°C 60" 
  DFS27 NED S. n. cinereus  
Table A.1 Multiplex set-ups and PCR conditions 
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Appendix 2 - Population range expansion rate calculations 
 
Study area km T0 T1 DT speed 
Aberdeen 20.6 1967 2002 35 0.589 
 22.1 1967 2003 36 0.614 
 81.6 1967 2011 44 1.855 
 40.5 1967 2005 38 1.066 
 35.3 1967 2005 38 0.929 
 47.1 1967 2011 44 1.07 
 43.8 1967 2012 45 0.973 
 41.1 1967 2010 43 0.956 
West 
Scotland 61 1892 1944 52 1.173 
 92 1892 1939 47 1.957 
 13 1892 1942 50 0.26 
 47 1892 1944 52 0.904 
 25 1892 1912 20 1.25 
 14 1892 1903 11 1.273 
Tayside 13 1919 1944 25 0.52 
 24 1919 1931 12 2 
 104 1919 2008 89 1.169 
 46.5 1919 1944 25 1.86 
Cumbria 45.3 1995 2007 12 3.775 
 52.5 1995 2007 12 4.375 
 50.8 1995 2007 12 4.233 
 49.1 1995 2007 12 4.092 
 47.1 1995 2007 12 3.925 
 34.7 1995 2007 12 2.892 
Merseyside 35.9 1969 1974 5 7.18 
 44 1969 1979 10 4.4 
 29.1 1969 1981 12 2.425 
 39.4 1969 1996 27 1.459 
North 
Wales 57.48 1902 1952 50 1.15 
 25.28 1952 1969 17 1.487 
 45.16 1903 1947 44 1.026 
Hampshire 76 1920 1945 25 3.04 
 27 1920 1945 25 1.08 
 22 1920 1945 25 0.88 
 51 1920 1945 25 2.04 
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 97 1920 1945 25 3.88 
 76 1920 1955 35 2.171 
 27 1920 1955 35 0.771 
 22 1920 1955 35 0.629 
 51 1920 1955 35 1.457 
 97 1920 1955 35 2.771 
Cornwall 67 1955 1971 16 4.188 
 67 1955 1971 16 4.188 
 42 1950 1955 5 8.4 
 25 1950 1955 5 5 
Dublin 11 1978 1975 3 0.998 
 4.2 1979 1978 1 0.999 
 10.66 2008 1975 33 0.984 
 14.66 2008 1978 30 0.985 
Kilkenny 58.6 1979 1999 20 2.93 
 62.3 1979 2005 26 2.396 
SUMMARY     
   MeanSpread SD MAX MIN 
Cornwall  5.444 2.008 8.4 4.188 
Cumbria  7.764 0.53 4.375 3.925 
Dublin  2.17 2.049 4.2 0.323 
Grampian 1.006 0.39 1.855 0.589 
Hampshire 1.872 1.099 0.629 3.88 
Kilkenny  2.663 0.377 2.93 2.438 
Merseyside 3.866 2.526 7.18 1.459 
NorthWales 1.203 0.198 1.487 1.026 
Strathclyde 1.136 0.553 1.957 0.26 
Tayside   1.676 0.683 2 0.52 
Table A.2 Spread rate calculation: For each radius distance, starting (T0) and ending (T1) time are 
provided. Details of spread rate calculations for Northern Ireland. Piedmont, Northumberland and 
East Anglia are in the captions of the expansion maps. Details on spread rates for Perugia are given 
in Figure 2.3 and paragraph 3.3.4 
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Figure A.2.1 Population range expansion rate calculation for Piedmont, Italy. Introduction occurred 
in 1948 at the intersection of black lines (Candiolo), but a lag phase of slow expansion took place 
until about 1970; during this time squirrels spread to cover an area of only about 25 km2, pictured 
(Bertolino & Genovesi, 2003). The 1970 range was established by questionnaire surveys of 
gamekeepers, hunters, farmers, park-owners and foresters, carried out in 1980 by researchers at the 
University of Turin, and is probably an underestimate. The range in 2011, pictured, was established 
from S. Bertolino’s unpublished data, following the same methods as Bertolino & Genovesi (2003). 
To account for uncertainties and variation, 12 spread rate estimates were produced by dividing the 
distances of expansion in the six pictured directions from 1948 to 2011 (respectively, 1970 to 2011) 
by the numbers of years elapsed   
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Figure A.2.2 Population range expansion rate calculation for Northern Ireland. Range maps were 
taken without modification from (Lees, 2011) (ref). However, according to (Tangney & Montgomery, 
1995; O’Teangana et al., 2000), squirrels crossed the boundary between the Republic of Ireland and 
Northern Ireland in the early 1970s, so to incorporate uncertainties we considered the start year to 
be 1968 or 1973. Eight rates were calculated by dividing pictured distances by the number of years 
between each of these start dates and 2011 
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Figure A.2.3 Population range expansion rate calculation for Northumberland. No adequate 
published literature existed on the precise timing of the arrival of squirrels into the Northumberland 
area from the South, so arrival date was inferred using the National Biodiversity Network's (NBN) 
Gateway database (http://data.nbn.org.uk; accessed 15 October 2012). This database incorporates 
the Northumberland Wildlife Trust “Squirrel Records for 2002 – 2005” database, among others. The 
data indicate squirrel sightings on a 1km x 1km grid. Maps were made from cumulative sightings, 
pictured here as red squares. Durham was taken as the start for expansion; first squirrels were 
sighted in Durham in 1999, though to incorporate uncertainties in start date due to unreported 
squirrels before 1999, we used start dates of 1997 and 1999. By 2006, expansion northwards of 
squirrels from Yorkshire, in the South, began to encounter a southward expansion from Scotland, in 
the North, so 2006 was used as the end year. Ten expansion rates were calculated from the two 
start years and the five distances for expansion pictured on the 2006 map   
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Figure A.2.4 Population range expansion rate calculation for East Anglia. The map is reproduced 
from information in (Reynolds, 1985). Green squares are areas in which grey or red squirrel sightings 
were reported by Reynolds during some year in the range 1960-1971. Reynolds’ maps revealed that 
East Anglia was not invaded by a unique spreading front as for the other study areas, but rather by 
several foci that appeared far from each other. Only the colonization front from the Southwest was 
considered, where genetic data were collected. The year 1971 was used as an end year because 
Reynolds’ maps indicated that after that time the colonization from the Southwest encountered the 
other expanding population foci. Red dots indicate the range of the expansion from the Southwest in 
1971. Black dots are the first appearance of grey squirrels in the area from the Southwest according 
to Reynolds’ maps. Appearance is indicated in 1964, but no squirrels were sighted in these squares 
in 1965. Squirrels were seen again 1966. So we used both 1964 and 1966 as start years. Eight rates 
were calculated from the four indicated directions and two possible start years 
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Figure A.2.5 Grey squirrel spread in Grampian, estimated using data from the National Biodiversity 
Network's (NBN) Gateway database (http://data.nbn.org.uk). According to the database the arrival 
year was 1967 and it is since spreading westwards. A population from Tayside is spreading 
northwards but it has not been included in spreading estimates. See table A.2 for details on arrival 
time for each radius 
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Figure A.2.6 Grey squirrel spread in Cumbria, estimated using data from the National Biodiversity 
Network's (NBN) Gateway database (http://data.nbn.org.uk). Time of first sight was 1995 (red 
square), according to the NBN database. Squirrels are also invading Cumbria from Scotland moving 
southwards but this spreading wave was not included in the analysis. The motorway M6 (pale blue 
line) might constitute a barrier. See table A.2 for details on arrival time for each radius 
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Figure A.2.7 Grey squirrel spread in Merseyside, estimated using data from the National Biodiversity 
Network's (NBN) Gateway database (http://data.nbn.org.uk). According to the database squirrels 
first arrived in South Manchester but moved southwards and westwards, since the river Mersey 
acted as a barrier. This spreading wave is marked with blue squares but was not included in the 
analysis. The colonization wave that effectively colonized Merseyside arrived from Lancashire (red 
squares). The first sight was Preston in 1969 (green square). See table A.2 for details on arrival time 
for each radius 
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Figure A.2.8 Grey squirrel spread in Cornwall, estimated from literature data. Shorten (1957) reports 
the first invaded localities (red dots) and year of arrival in Cornwall (1955). This invasion moved 
more like an invasion front than as an expansion from a single starting point so spreading rate was 
calculated with a marginally different method. The expansion front in South Devon (green dots) 
started moving to Cornwall in 1950 (Shorten, 1953, 1954; Webber, 2011). To estimate spread rates I 
selected the localities in Devon nearest to Cornwall, and the corresponding furthermost Cornish 
localities. Lloyd (1983) reports that by 1971 squirrels were present on the west coast  
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Figure A.2.9 Grey squirrel spread in Hampshire, estimated from literature data. Boyd-Watt (1923) 
reports that squirrels were introduced in Bournemouth in 1920 circa.  Shorten (1953) showed that in 
1945 grey squirrels had not entirely colonised Hampshire but by 1955 (Shorten, 1957)squirrels were 
settled in the locations marked with green dots in the map. Since the date of exact arrival was not 
known, spreading rates were estimated assuming an arrival time intermediate between the two 
dates. Two spreading rates for each radius were therefore estimated, one considering an arrival time 
in 1945 and one in 1955. The two rates were therefore averaged  
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Figure A.2.10 Grey squirrel spread in Wales, estimated from literature data (Shorten, 1954, 1957). 
Data on the colonization of north Wales are scarce even in the historical sources but as in the case of 
Cornwall this invasion moved more like an invasion front than an expansion from a single starting 
point. Welsh squirrels derive from the expansion of multiple releases in Cheshire and Denbighshire 
that occurred starting in 1876 and ending in the 1910s, according to Middleton (1931). The two 
release points nearest to Wales were selected, one in Rossett in 1902 and the other in Wrexham in 
1903 (Middleton, 1931). According to Shorten (1957) Eglwysbach was reached by 1952 and the west 
coast by 1955. Garnedd Wen was reached in 1947. It is not known if the different foci merged before 
spreading or if the expanding squirrels are the offspring of just one release event  
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Figure A.2.11 Grey squirrel spread in Tayside, estimated from literature data (Shorten, 1954). This 
author mentions date and location of the release (Dunfermline, 1919). She also reports two 
locations where the squirrels had spread and the year of first sighting for each location. According to 
the NBN database grey squirrels arrived to Laurencekirk (top right dot) in 2009. Genetic data confirm 
the attribution of Laurencekirk to Tayside and Fife rather than Aberdeen (see Chapter 5) Shorten 
(1954) attributes the squirrels in Comrie (top left dot) to the spreading wave from Loch Long but 
population genetic data highlights their origin from Fife 
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Figure A.2.12 Grey squirrel spread in West Scotland, estimated from literature data (Shorten, 1954) 
This author mentions date and location of the release (red star). She also reports a list of locations 
where the squirrels had spread and the year of first sighting for each location. In this map years of 
first observation in a new location have been grouped in three main categories (see legend), but 
estimates of spreading have been calculated dividing each radius by the time needed to reach that 
place 
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Figure A.2.13 Grey squirrel spread in Dublin, estimated from literature data (Naulty & Hayden, 
2008). These authors report that in Dublin squirrels were first seen in Marley Park in 1975. They 
reached the Botanic Gardens by 1978 and dispersed to Phoenix Park the following year. Killiney Hill 
Park and Howth Head were reached in 2008, supposedly from different dispersal points  
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Figure A.2.14 Grey squirrel dispersal in Kilkenny, estimated from literature data. According to 
McGoldrik (2011), Ni Lamhna (1979) mentions the arrival of grey squirrels in North-East Kilkenny in 
1979. From there they spread along the River Nore, which runs through Co. Kilkenny, and the River 
Barrow, which forms part of the Carlow/Kilkenny boundary, arriving at the borders of Co. Waterford 
in 1999 
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Appendix 3 – Museum samples  
 
Registration 
No. Specimen 
Type 
Locality Skin Skull 
1921.11.3.2 Sciurus carolinensis x  Woburn Bedfordshire 
1921.11.3.3 Sciurus carolinensis x  Woburn Bedfordshire 
1921.7.19.1 Sciurus carolinensis x  Woburn Herts 
1921.7.19.2 Sciurus carolinensis x  Woburn Herts 
1921.7.19.3 Sciurus carolinensis x Woburn Bedfordshire 
1922.2.20.1 Sciurus carolinensis x Woburn Bedfordshire 
1922.2.20.2 Sciurus carolinensis x Woburn Bedfordshire 
1922.2.20.3 Sciurus carolinensis x Woburn Herts 
1922.6.3.1 Sciurus carolinensis x  Woburn Bedfordshire 
1922.6.3.2 Sciurus carolinensis x  Woburn Bedfordshire 
1922.6.3.3 Sciurus carolinensis x  Woburn Bedfordshire 
1913.4.16.1 Sciurus carolinensis x Kew Gardens London 
1913.4.16.2 Sciurus carolinensis x Kew Gardens London 
Table A.3 Sciurus carolinensis specimen samples from the NHM. Loan Reference: ZOO 2012-796 
MA(D) 
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Appendix 4 – Introduction points of grey squirrels in the British Isles, 
1876-1930 
ID Location County Lat Long Source Founders Year 
Introductions from North America      
HC Henbury Cheshire 53.254 -2.197 US 4 1876 
BM Bushey Middlesex 51.65 -0.359 New Jersey 5 1889 
WO Woburn Bedfordshire 51.983 -0.591 US 10 1990 
LA Loch Long Argyll, Scotland 56.204 -4.497 Ontario 3 1892 
RS Richmond Surrey 51.444 -0.28 US 100(?) 1902 
FB Farnham Royal Buckinghamshire 51.54 -0.615 US 5+ 1908-1909 
FS Frimley Surrey 51.344 -0.745 US 8 1910 
Reported populations deriving  from Woburn gene pool       
NO Nuneham Oxfordshire 51.691 -1.201 Woburn   
WD Wrexham Denbighshire 53.045 -2.992 Woburn 5 1903 
RL Regent's park London 51.536 -0.154 Woburn 91 1907 
MY Malton Yorkshire 54.17 -0.677 Woburn 36 1906 
KL Kew Gardens London 51.472 -0.296 Woburn 4 1908 
BC Bramhall Cheshire 53.375 -2.168 Woburn 5 1911-1912 
CL Castle Forbes Longford, Ireland 53.767 -7.837 Woburn 12 1911 
BWY Bingley W. Yorkshire 53.849 -1.834 London 14 1914 
BH Bournemouth Hampshire 50.722 -1.881 London 6 1920 
AG Aberdare Glamorgan 51.718 -3.452 London  1922 
NS Needwood  Staffordshire 52.792 -1.809 Bournemouth 2 1929 
Populations of unknown origin           
BK Benenden Kent 51.067 0.582   1912 
LC Lyme Cheshire 53.339 -2.053  25 1903-1904 
CB Cliveden Buckinghamshire 51.534 -0.692    
DC Dunham Cheshire 53.383 -2.385  4 1910 
SK Sandling Kent 51.301 0.52   1910 
BK Birmingham 52.494 -1.89   1912 
BY Bedale Yorkshire 54.29 -1.593   1913 
DD Darlington Durham 54.528 -1.558   1914-1915 
ED Exeter Devon 50.723 -3.536  4 1915 
SN Stanwick Northamptonshire 52.331 -0.563  2  
DF Dunfermline Fife, Scotland 56.075 -3.453    
E Edinburgh  55.942 -3.207    
HY Hebden Bridge West Yorkshire 53.745 -2.013   8   
Table A.4 Reported grey squirrel introductions and translocations between 1876 and 1931, based on 
Middleton (1931). 
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Appendix 5 – Probabilities of origin from Woburn  
 
Cornwall Best Est. Prob. 2nd Best  Prob. 
C7  Y10 0.5443 OX10 0.2722 
C3  WC10 1   
C14  NA10 0.9997   
C9  NA10 0.7874 WA10 0.2123 
C5  WA10 0.9923   
C6  WA10 0.9306 OX10 0.0694 
C1  WA10 0.9087 OX10 0.0879 
C11  WA10 0.8617 NA10 0.1379 
C13  OX10 0.9726 WA10 0.015 
C10  OX10 0.854 NA10 0.1418 
C15  OX10 0.9973   
C12  OX10 0.6539 WA10 0.3436 
C8  OX10 0.9128 WA10 0.0428 
C2  OX10 0.9838 NA10 0.0159 
C4  OW10 0.9014 OX10 0.0746 
     
Northamp Best Est. Prob. 2nd Best  Prob. 
NA12  WA10 0.959 OX10 0.041 
NA17  WA10 0.9833 OX10 0.0162 
NA2  WA10 0.9439 OX10 0.0558 
NA9  WA10 0.9954   
NA18  CA10 0.9875 C10 0.0114 
NA15  OX10 0.9883 C10 0.0117 
NA11  OX10 0.9997   
NA10  OX10 0.9997   
NA19  OX10 1   
NA1  OX10 1   
NA20  OX10 0.9989   
NA21  OX10 0.9998   
NA22  OX10 0.9966   
NA23  OX10 0.4746 WA10 0.3761 
NA24  OX10 0.8823 DE10 0.078 
NA25  OX10 1   
NA26  OX10 0.9971   
NA27  OX10 0.9994   
NA28  OX10 0.9992   
NA13  OX10 1   
NA30  OX10 0.9988   
NA3  OX10 0.8974 C10 0.0942 
NA4  OX10 0.9999   
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NA5  OX10 0.9908   
NA6  OX10 0.9987   
NA7  OX10 1   
NA8  OX10 1   
NA14  OX10 0.9998   
NA29  C10 0.9999   
NA16  C10 0.9794 WA10 0.0201 
     
Cambridge Best Est. Prob. 2nd Best  Prob. 
CA18  BD10 0.9342 PD10 0.0509 
CA14  CNE10 0.361 NF1 0.3431 
CA12  CNE10 0.6507 WA10 0.3448 
CA21  CSEP10 0.7316 WA10 0.2409 
CA24  CSEP10 0.9949   
CA28  MS10 0.875 WA10 0.123 
CA1  PD10 0.9597 WA10 0.0364 
CA10  PD10 0.7764 WA10 0.1351 
CA8  NA10 0.9254 WA10 0.0667 
CA13  NF1 0.9798 NA10 0.0124 
CA29  NF1 0.5976 WA10 0.2535 
CA15  NF1 0.855 PD10 0.1416 
CA9  NF1 0.3934 WA10 0.3087 
CA22  WA10 0.9923   
CA23  WA10 0.997   
CA11  WA10 0.9999   
CA25  WA10 0.5889 NF1 0.4106 
CA26  WA10 0.8955 NA10 0.0942 
CA27  WA10 0.7798 PD10 0.2036 
CA19  WA10 0.5192 CSEP10 0.4774 
CA16  WA10 0.975 N30 0.0246 
CA3  WA10 0.9972   
CA4  WA10 0.667 NA10 0.3256 
CA5  WA10 0.9487 NF1 0.0508 
CA6  WA10 1   
CA7  WA10 0.956 MS10 0.0227 
CA20  WA10 0.9993   
CA17  WA10 0.9987   
CA2  OW10 0.6281 PD10 0.3249 
     
Surrey Best Est. Prob. 2nd Best  Prob. 
S27  CC10 0.756 WV10 0.2036 
S8  Y10 0.8239 OW10 0.1512 
S13  DE10 0.7367 NEW10 0.2513 
S5  NA10 0.9225 NEW10 0.0393 
S22  WA10 0.9805 BB10 0.0189 
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S23  WA10 0.998   
S12  WA10 0.5311 OW10 0.3344 
S4  WA10 0.9944   
S11  WA10 0.5415 WV10 0.3872 
S1  WA10 0.9708 NEW10 0.0284 
S81  WA10 0.9996   
S823  WA10 0.9905   
S15  BB10 0.9981   
S7  NEW10 0.7796 BB10 0.2181 
S16  NEW10 0.6298 BB10 0.2187 
S87  NEW10 0.9995   
S10  WV10 0.9056 WA10 0.0943 
S21  WV10 0.5414 WA10 0.4555 
S6  WV10 0.9962   
S17  WV10 0.9995   
S18  WV10 0.6497 WA10 0.3499 
S9  WV10 0.9994   
S25  WV10 0.6026 WA10 0.3944 
S19  WV10 0.8217 WA10 0.1763 
S2  WV10 0.9699 CC10 0.0211 
S3  OW10 0.5434 WV10 0.3986 
S20  OW10 0.7144 NEW10 0.22 
S26  OW10 0.9261 WA10 0.0354 
S14  OW10 0.6536 WV10 0.3371 
S24  OW10 0.9576 WV10 0.04 
     
Bucks Best Est. Prob. 2nd Best  Prob. 
BB15  CNW10 0.4841 WA10 0.4084 
BB12  NF1 0.7674 WA10 0.1677 
BB10  NF1 0.9833 WV10 0.0069 
BB17  NF1 0.9999   
BB2  NF1 0.6371 OX10 0.3479 
BB16  WA10 0.9934   
BB14  WA10 0.5378 S10 0.3988 
BB11  WA10 0.8003 WV10 0.1936 
BB3  WA10 0.7747 OW10 0.1226 
BB4  WA10 0.4112 WV10 0.4068 
BB8  WA10 0.6667 OW10 0.2845 
BB21  OX10 0.8879 OW10 0.0691 
BB23  S10 0.6519 WV10 0.2137 
BB7  C10 0.909 OX10 0.0699 
BB25  WV10 0.9957   
BB1  WV10 0.7241 S10 0.2569 
BB18  WV10 0.9908   
BB22  WV10 0.6709 WA10 0.2383 
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BB5  WV10 0.7042 NF1 0.1874 
BB6  WV10 0.4917 OW10 0.4368 
BB19  WV10 0.4659 WA10 0.3578 
BB24  WV10 0.968 OW10 0.032 
BB13  OW10 0.9523 WV10 0.0279 
BB20  OW10 0.9504 S10 0.0296 
BB9  OW10 0.6312 WV10 0.1801 
Table A.5 Best and second best attribution probabilities of grey squirrels from populations of 
unknown origin 
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Appendix 6 – Database populations 
 
Pop Location County lat long 
AB Aberdeen Grampian 57.1392 -2.1881 
TD Dunkeld Tayside 56.5668 -3.5891 
DD Dundee Tayside 56.7293 -2.6902 
T Comrie Tayside 56.3698 -3.9161 
WS Loch Lomond Strathclyde 56.0646 -4.6327 
D Dunfermline Fife 56.0921 -3.5033 
ED Edinburgh Midlothian 55.9853 -3.4734 
WL West Lothian West Lothian 56.0002 -3.6725 
BA Auchinleck Dumfries&Galloway 55.4654 -4.3037 
BD Douglas Dumfries&Galloway 55.5734 -3.8482 
BH Hawick Borders 55.4277 -2.7933 
M Morpeth Northumberland 55.1689 -1.7143 
RTC River Tyne  Northumberland 55.002 -2.0719 
BW Briar Wood Northumberland 54.9504 -2.3263 
CNW Dodd Cumbria 54.6377 -3.1791 
CNE Penrith Cumbria 54.6311 -2.8137 
CC Windermere Cumbria 54.3664 -2.9552 
CSE Foulshaw North Cumbria 54.2783 -2.8713 
CSEP Foulshaw Cumbria 54.2357 -2.8084 
MS Merseyside Merseyside 53.5269 -3.0102 
WH Wykeham Yorkshire 54.4109 -0.5773 
Y York Yorkshire 54.0103 -0.9368 
PD Peak District Derbyshire 53.4503 -1.5339 
DE Delamere Cheshire 53.2481 -2.6795 
W Clocaenog Conwy 53.0672 -3.4236 
WC Wales Coast Gwynedd 53.2092 -4.1932 
ANB Anglesey Anglesey 53.2336 -4.2244 
NA Northampton Northamptonshire 52.0459 -1.0652 
NF National Forest Staffordshire 52.7737 -1.9831 
WA Woburn Abbey Bedfordshire 51.9827 -0.5905 
NW Norwich Norfolk 52.7165 1.2558 
CA Cambridge Cambridgeshire 52.1789 0.2259 
BF Bradfield Wood Suffolk 52.1831 0.8291 
OX Wytham Woods Oxfordshire 51.7746 -1.3359 
BB Burnham Beeches Buckinghamshire 51.5629 -0.6288 
S Alice Holt Surrey 51.1791 -0.8523 
NEW New forest Hampshire 50.8883 -1.5864 
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C Cardinham Woods Cornwall 50.4844 -4.6672 
DF Derrynoyd Forest Tyrone 54.8046 -6.8123 
DM Drum Manor Tyrone 54.6393 -6.8154 
LF Loughgall Forest Armagh 54.4023 -6.5973 
G Gosford Forest Armagh 54.3067 -6.512 
DR Drumbanagher Armagh 54.2664 -6.3856 
AI Tallawstown Louth 53.9204 -6.5473 
DU Dublin Dublin 53.3735 -6.2724 
MJ Mount Juliet Kilkenny 52.5289 -7.1881 
WI New Ross Waterford 52.4006 -6.8959 
ST Stupinigi Torino 44.9926 7.60307 
P Piobesi Torino 44.9376 7.5937 
BC Borgo Cornalese Torino 44.9043 7.7323 
R Racconigi Cuneo 44.7902 7.6502 
CM Cavallermaggiore Cuneo 44.7116 7.7309 
VA Vaprio d'Adda Bergamo 45.5909 9.5357 
LA Lambrio Monza 45.6847 9.275 
PG Perugia Perugia 43.1219 12.3337 
WV West Virginia West Virginia 38.973 -80.348 
SKYE Isle of Skye Inner Hebrides 57.2434 -5.8449 
HAPPY Hope Valley Northumberland 55.5157 -2.0085 
NOVA San Nazzaro Sesia Novara 45.4403 8.4244 
Table A.6 Geographic coordinates and place names of the database populations 
195 
 
Appendix 7 – Supplementary information for Chapter 5 
 
  Leave-one-out Self-assignment 
  CG2 Oncor  CG2 Oncor 
pop 
N 
Total %correct %correct 
N 
Total %correct %correct 
A 50 80 100 56 94.64 100 
TD 13 30.77 69.2 14 42.86 85.71 
DD 17 58.82 88.2 20 100 100 
WS 26 84.62 92.3 30 93.33 93.33 
T 26 46.15 88.5 30 80 96.67 
D 24 66.67 95.8 30 80 100 
ED 37 72.97 89.2 43 86.05 90.7 
WL 19 63.16 78.9 20 90 85 
BA 10 60 70 10 90 90 
BD 22 72.73 81.8 24 91.67 87.5 
BH 19 31.58 84.2 20 50 100 
NN 5 0 20 6 100 100 
BW 7 28.57 71.4 8 100 100 
RTC 10 40 50 10 100 100 
M 16 75 93.8 20 100 100 
CNW 29 37.93 79.3 35 60 82.86 
CNE 10 60 80 10 80 80 
CC 30 33.33 56.7 35 68.57 82.86 
CSE 27 51.85 66.7 32 84.38 87.5 
CSEP 14 42.86 50 14 71.43 78.57 
MS 14 71.43 100 32 96.88 100 
WH 6 50 83.3 15 93.33 93.33 
Y 24 70.83 75 30 96.67 96.67 
PD 16 62.5 100 30 93.33 100 
DE 24 70.83 100 30 96.67 100 
NA 27 48.15 74.1 30 76.67 90 
NF 6 50 50 7 85.71 100 
NW 23 26.09 87 30 86.67 100 
WA 28 82.14 82.1 30 96.67 96.67 
CA 26 69.23 80.8 29 96.55 96.55 
BF 30 86.67 93.3 30 96.67 100 
OX 26 61.54 80.8 29 96.55 96.55 
BB 18 72.22 94.4 25 100 96 
S 22 40.91 72.7 30 86.67 96.67 
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NEW 26 38.46 84.6 32 84.38 96.88 
C 13 30.77 84.6 15 93.33 100 
W 26 61.54 80.8 30 83.33 96.67 
ANB 18 55.56 88.9 23 69.57 95.65 
WC 24 58.33 79.2 32 87.5 90.63 
DF 28 32.14 67.9 32 37.5 81.25 
DM 17 58.82 52.9 20 80 75 
LF 17 41.18 41.2 22 68.18 54.55 
G 29 31.03 58.6 29 27.59 79.31 
DR 14 28.57 50 19 78.95 78.95 
AI 9 55.56 44.4 28 85.71 89.29 
DU 17 52.94 94.1 31 100 96.77 
MJ 9 66.67 77.8 9 88.89 100 
WI 16 37.5 81.3 19 78.95 100 
ST 19 73.68 84.2 19 84.21 89.47 
P 6 0 0 6 66.67 16.67 
BC 52 61.54 75 54 74.07 92.59 
R 30 53.33 80 32 75 93.75 
CM 13 23.08 38.5 14 50 57.14 
VA 28 53.57 96.4 34 76.47 100 
LA 26 19.23 100 26 26.92 100 
PG 23 52.17 100 25 64 96 
WV 23 95.65 69.6 23 100 95.65 
TOTAL 1184 55.57 79.56 1418 81.31 92.31 
Table A.7.1 Assignment test performance of GeneClass2 and Oncor. For the leave-one-out test one 
individual at time is removed from the baseline and the likelihood of that sample belonging to each 
population is estimated; this is only performed for individuals with complete data (Methods). For the 
self-assignment test individuals are not removed from the baseline before the assignment. Only the 
best assignment probability is taken into account here. See Methods for details  
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IND 
Best 
Estimate Probability 
2nd 
Best Probability 
3rd 
Best  Probability 
AB67  ED1 0.5354 WC10 0.4267 NEW10 0.0359 
AB74  WL10 0.9884 S10 0.0114   
AB22  WC10 0.9484 NEW10 0.0464   
AB6  WC10 0.6692 WL10 0.2656 ED1 0.0415 
AB54  WC10 0.9387 S10 0.0418 ED1 0.014 
AB60  WC10 0.7829 NEW10 0.208   
AB61  WC10 0.8985 ED1 0.0649 NEW10 0.0298 
AB65  WC10 0.5236 ED1 0.4561 S10 0.0117 
AB15  WC10 0.5061 NEW10 0.4546 S10 0.0393 
AB70  WC10 0.9909     
AB71  WC10 0.9493 S10 0.0471   
AB100  WC10 0.882 NEW10 0.1176   
AB53  NA10 0.7087 WL10 0.2192 S10 0.0513 
AB27  S10 0.7038 NEW10 0.2635 WC10 0.0327 
AB3  S10 0.5623 NEW10 0.4368   
AB5  S10 0.9996     
AB11  S10 0.7759 NEW10 0.1635 WC10 0.0605 
AB23  S10 0.9124 NEW10 0.0851   
AB26  S10 0.6621 NEW10 0.3067 WC10 0.0154 
AB58  S10 0.9278 NEW10 0.0722   
AB28  NEW10 0.8256 S10 0.1619 WC10 0.0125 
AB2  NEW10 0.9387 S10 0.0613   
AB200  NEW10 0.9394 S10 0.0606   
AB17  NEW10 1     
AB4  NEW10 0.9989     
AB18  NEW10 0.518 S10 0.4771   
AB19  NEW10 0.8407 S10 0.1556   
AB7  NEW10 0.9732 WC10 0.0263   
AB8  NEW10 0.9957     
AB9  NEW10 0.7951 WC10 0.2038   
AB50  NEW10 1     
AB51  NEW10 0.9993     
AB52  NEW10 0.9643 S10 0.0357   
AB1  NEW10 0.9935     
AB12  NEW10 0.8999 S10 0.0913   
AB55  NEW10 0.9938     
AB56  NEW10 1     
AB57  NEW10 0.9992     
AB20  NEW10 0.7148 S10 0.2835   
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AB59  NEW10 0.9581 S10 0.0337   
AB36  NEW10 0.9999     
AB13  NEW10 0.997     
AB62  NEW10 0.9982     
AB63  NEW10 1     
AB64  NEW10 0.9879 S10 0.0102   
AB14  NEW10 0.9398 WC10 0.0331 S10 0.0271 
AB66  NEW10 0.9897 WC10 0.0087   
AB24  NEW10 0.9993     
AB68  NEW10 0.9992     
AB69  NEW10 0.9988     
AB25  NEW10 0.9971     
AB10  NEW10 0.9661 WC10 0.0181 S10 0.0158 
AB72  NEW10 0.999     
AB73  NEW10 0.9982     
AB16  NEW10 0.5027 S10 0.4963   
AB75  NEW10 0.9993     
       
VA10  ST52 0.841 BC11 0.1314 LA101 0.0275 
VA11  ST52 0.9753 BC11 0.0247   
VA12  ST52 0.5741 BC11 0.4259   
VA13  ST52 0.6094 BC11 0.3906   
VA14  ST52 0.4707 BC11 0.3376 LA101 0.1917 
VA16  ST52 0.7224 BC11 0.2776   
VA17  ST52 0.7634 BC11 0.2366   
VA21  ST52 0.8596 BC11 0.1404   
VA22  ST52 0.9314 BC11 0.0686   
VA25  ST52 0.9305 BC11 0.0695   
VA26  ST52 0.9367 BC11 0.0633   
VA28  ST52 0.6916 BC11 0.3082   
VA33  ST52 0.8028 BC11 0.1972   
VA34  ST52 0.9171 BC11 0.0829   
VA7  ST52 0.9344 BC11 0.0656   
VA8  ST52 0.6898 BC11 0.3102   
VA20  BC11 0.7651 ST52 0.2349   
VA27  BC11 0.534 ST52 0.4637   
VA15  BC11 0.9986     
VA29  BC11 0.6439 ST52 0.3558   
VA30  BC11 0.9022 LA101 0.0906   
VA31  BC11 0.9998     
VA32  BC11 0.9387 ST52 0.0613   
VA18  BC11 0.9998     
VA23  BC11 0.9244 ST52 0.0756   
199 
 
VA35  BC11 0.7567 ST52 0.2423   
VA36  BC11 0.9999     
VA3  BC11 0.9982     
VA4  BC11 0.8881 LA101 0.0891 ST52 0.0228 
VA5  BC11 0.9909     
VA24  BC11 0.93 ST52 0.07   
VA19  BC11 0.9997     
VA9  BC11 0.7745 ST52 0.2255   
VA6  LA101 0.8763 BC11 0.0899 ST52 0.0339 
       
LA101  BC11 1     
LA102  BC11 0.9999     
LA107  BC11 1     
LA109  BC11 0.9965     
LA112  BC11 1     
LA114  BC11 0.9943     
LA117  BC11 0.9996     
LA118  BC11 0.9725 VA10 0.0262   
LA119  BC11 1     
LA120  BC11 0.9951     
LA122  BC11 0.9996     
LA125  BC11 0.9991     
LA129  BC11 0.9996     
LA143  BC11 0.9997     
LA146  BC11 0.999     
LA149  BC11 1     
LA151  BC11 1     
LA152  BC11 0.9996     
LA154  BC11 0.7004 VA10 0.2995   
LA96  BC11 0.9994     
LA97  BC11 0.9999     
LA98  BC11 0.9514 VA10 0.0467   
LA99  BC11 1     
LA153  VA10 0.9935     
LA105  VA10 0.8805 BC11 0.1195   
LA111  VA10 0.9968     
       
PG22  BC11 0.9999     
PG23  BC11 0.9946     
PG24  BC11 0.9926     
PG26  BC11 0.9992     
PG27  BC11 1     
PG30  BC11 1     
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PG32  BC11 0.7344 VA10 0.2656   
PG33  BC11 0.9937     
PG34  BC11 1     
PG35  BC11 0.9992     
PG37  BC11 0.9998     
PG38  BC11 0.9998     
PG39  BC11 1     
PG40  BC11 0.9919     
PG41  BC11 1     
PG1  BC11 0.9999     
PG2  BC11 0.9964     
PG3  BC11 0.9725 VA10 0.0275   
PG4  BC11 0.9226 VA10 0.0774   
PG5  BC11 0.9976     
PG28  VA10 0.9086 BC11 0.0914   
PG29  VA10 0.933 BC11 0.067   
PG25  VA10 0.8787 BC11 0.1213   
PG31  VA10 0.9849 BC11 0.0151   
PG36  VA10 0.8512 BC11 0.1488     
Table A.7.2 Detailed assignment results for Oncor for the case-study populations. Probabilities are 
reported up to the 3rd best estimate 
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Figure A.7.1 Mean Ln probability was used to estimate the number of clusters for the full Bayesian 
assignments with STRUCTURE. The number of clusters is usually inferred from the value of K when 
the mean ln probability starts levelling out or reaches its apex 
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